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Peatland diversity and carbon dynamics 

Abstract 
Peatlands are globally-important carbon (C) stores, representing approximately one third of 

the terrestrial C pool. These C stores are now becoming increasingly vulnerable to rising 

temperatures, as well as land-use changes. Release of C from peatlands, either as the 

greenhouse gases CO2 and CH4 or as a result of erosion, constitutes a significant potential 

feedback to global warming. Despite their importance, there remains a large amount of 

uncertainty concerning the size of peatland C stores – a result of the small-scale spatial 

heterogeneity in peat depths and plant communities that exists within peatlands. Quantifying 

spatial variation in plant and soil microbial communities – the biological sources and sinks of 

C in peatlands – is necessary in order to reduce uncertainty concerning the spatial variation of 

peatland ecosystem functions. 

 

We characterised ecologically and hydrologically distinctive peatland landforms in a UK 

blanket peatland, determining associations between plant and soil microbial communities and 

differences in ecosystem functioning between landforms, as well as the contributions of 

individual landforms to overall ecosystem functioning. Peatland landforms supported 

distinctive soil microbial communities. Eroding areas and gullies were hotspots for CH4 fluxes 

and had higher winter global warming potentials than intact blanket peat. A simulated 10% 

expansion of eroding areas resulted in a loss of C equivalent to 1000 years of C sequestration 

by the blanket peatland, emphasising the importance of considering individual landforms 

when assessing peatland ecosystem functioning at the landscape scale. Our approach 

represents a novel combination of targeted field survey, robust image classification techniques 

and geostatistics, which could be transferred to other peatlands. The research papers presented 

in this thesis contribute to our current understanding of the importance of biological diversity 

for peatland C dynamics, and will establish a theoretical and methodological framework to 

improve predictions of peatland ecosystem functioning in response to future change.  
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Introduction 

Peatlands and global change 
Peatland refers to terrain covered with peat to a depth of at least 30 cm. Peat consists of 

organic matter, accumulating under water-saturated conditions (Rydin & Jeglum 2006), which 

impede the decomposition of organic material (Clymo 1984). The presence of phenolic 

compounds in peat has been cited as an important and universal control on the rate of 

decomposition: phenolic compounds are resistant to degradation by hydrolase enzymes, with 

the exception of phenol oxidase, which requires O2 (Freeman et al. 2001). Under water-

saturated conditions in peatlands, O2 constraints on phenol oxidase allow phenolic compounds 

to accumulate, thereby inhibiting hydrolases and limiting the rate at which decomposition 

occurs below the water table (Freeman et al. 2001). The rate of gross primary productivity in 

peatlands exceeds that of decomposition, resulting in an imbalance that leads to the 

accumulation of peat (Moore 2002). Peatlands play a key role in the carbon cycle because 

they sequester and release large quantities of CO2 and CH4 (Gorham 1991). The greatest 

proportion of peatland globally lies within the northern mid-high latitudes; 86.4% are found in 

the temperate zone, of which 99.4% are found in the northern hemisphere (Moore 2002). 

Despite covering only 3% of the world’s land and freshwater surfaces (equating to 

approximately 3.5 million km2 (Moore 2002)), globally peatlands constitute between one 

quarter and one third of the terrestrial carbon pool (Holden 2005). 

 

Expanding peatlands act as carbon (C) sinks (Moore 2002), and have accumulated C 

throughout the Holocene (c. 11ka B.P. to present) (Frolking & Roulet 2007). This 

sequestration of C in peatlands, averaging a long-term rate of 0.02-0.03 kg C m-2 yr-1 over the 

Holocene, has resulted in a net climate cooling (Frolking & Roulet 2007), but there is 

uncertainty as to whether this trend will continue. As peatlands ‘age’, the efficiency with 

which they sequester carbon decreases, and the amount of CH4 they emit increases, eventually 

becoming more significant than the carbon sequestered (Immirzi et al. 1992). As such, 
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peatlands represent a concentrated source of terrestrial carbon, which is highly sensitive to 

changes in local climatic conditions. Estimates suggests that wetlands and peatlands could 

switch from a sink, sequestering approximately 0.07 Pg C yr-1 (Gorham 1991), to a source of 

carbon, potentially releasing 100 Pg CO2-C of over the next century (Canadell et al. 2004). 

 

In acting as C sinks and thereby mediating climate change, peatlands provide an important 

ecosystem service (Kremen 2005). The importance of high northern latitude peatlands, as 

components of the global C cycle, has increasingly been recognised as these ecosystems are 

located in regions expected to be most affected by climate change (Strack et al. 2006). There 

is now concern that the effects of climatic change – principally increasing temperatures – on 

peatlands will result in a destabilisation of their C stores (Yu et al. 2011; Dise & Phoenix 

2011). These concerns have been reflected in increasing interest in quantifying the role of 

peatlands in carbon cycling (Figure 1). In order to better understand and predict peatland 

responses to climate change, more comprehensive data on peat depth, the qualities of the 

peatland carbon stock and greenhouse gas fluxes associated with different peatland 

environments are required (Dise 2009; Natural England 2010). 
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Figure 1: the increasing research interest in peatlands and carbon cycling, summarised as the 

frequencies of results returned by an ISI Web of Science search containing the terms 

‘peatland’ and ‘carbon cycling 

Carbon cycling in peatlands 
The net effect of climate change on the carbon budget of peatlands is determined by the 

balance between photosynthesis (carbon sequestration) and respiration (carbon release). 

Respiration of CO2 and CH4 are the primary pathways by which carbon is released into the 

atmosphere, and are controlled by a variety of abiotic and biotic drivers which are 

complicated by feedbacks (Bardgett et al. 2008). N2O can also play a role in the feedbacks 

between peatland and climate as a highly potent greenhouse gas, although fluxes from UK 

peatlands are generally small (Dinsmore et al. 2009a; Lohila et al. 2010). The position of the 

water table plays a central role in determining the balance of greenhouse gas fluxes from 

peatlands, by controlling the relative volumes of the acrotelm (the predominantly aerobic zone 

above the water table) and catotelm (the predominantly anaerobic zone below the water table). 
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While the soil profile in peatlands has classically been divided into two zones; Clymo & 

Bryant (2008) introduced the mesotelm as an addition to Ingram's (1978) two-layer model, 

defined as a periodically anoxic zone between the acrotelm and catotelm. Gas production 

occurs throughout the peat profile, with its nature generally defined by the position of the 

water table (Charman 2002). Above the water table, greenhouse gas fluxes are dominated by 

CO2, the product of aerobic respiration, while CH4 is produced below the water table by 

microorganisms specifically adapted to reduced O2 availability. The oxidation of CH4 can also 

occur above the water table, contributing further to CO2 fluxes. 

 

Variation in climate is considered to be one of the primary controls of peatland greenhouse 

gas fluxes. Temperature is of key importance because it determines the rate at which soil 

organic matter is processed by soil microbial communities, thereby controlling the rates of 

heterotrophic respiration and photosynthesis (Aurela et al. 2009; Chivers et al. 2009). In 

peatlands, moisture is of key importance, interacting with seasonal variation in temperature to 

influence the position of the water table, which is a defining influence on the balance of 

greenhouse gas fluxes from peatlands. Laine et al. (2007) identified water table position as the 

strongest control on peatland CO2 fluxes, with lower water tables producing greater CO2 

fluxes due to the greater volume of the acrotelm and resulting aerobic heterotrophic 

respiration and conversion of CH4 to CO2 by methanotrophic bacteria. Water table is 

considered to be the dominant abiotic control on peatland CH4 fluxes, although its effects are 

complicated by the composition of peatland plant communities (Glaser & Chanton 2009; 

Levy et al. 2012), which also play a leading role in the transport of CH4, discussed in further 

detail below. While N2O fluxes are typically small and demonstrate both release and uptake, 

they should not be neglected, as the global warming potential of N2O is 293 times that of CO2 

(Solomon et al. 2007). Studies in boreal peatlands suggest that bare and cryoturbated peat 

surfaces can be hotspots for N2O fluxes (Marushchak et al. 2011), which are related to flushes 

of nutrients from freeze-thaw events and thawing permafrost (Tauchnitz et al. 2008; Pihlatie 

et al. 2010; Keuper et al. 2012). Elsewhere, N2O fluxes have been shown to be strongly 
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affected by the position of the water table (Lohila et al. 2010) and land use (Lund et al. 2009). 

The role of bare peat in N2O fluxes from UK peatlands is yet to be explored. 

Plant functional types and their role in peatland C cycling 
Climate change-induced changes in temperature and water availability will result in 

extinctions and shifts in species’ distributions, particularly in upland regions (Thuiller et al. 

2005) where many blanket peatlands are found. At the ecosystem scale, the effects of shifting 

plant species on litter decomposability may be as important as the direct effects of temperature 

(Dorrepaal et al. 2005). The diversity of plant communities is an important factor in peatland 

carbon cycling because assemblages of plant functional types represent aggregations of 

functional traits (De Deyn et al. 2008). Plants exhibit functional traits related to the 

environment in which they grow, such as growth form (Dorrepaal et al. 2005). Peatlands are 

widely considered to contain three major plant functional types: bryophytes, graminoids 

(including sedges), and shrubs (principally ericoids such as Calluna vulgaris) (Lund et al. 

2009; Ward et al. 2007). 

 

Plants that persist in stressful environments such as peatlands have sets of traits that enhance 

protection of the limited resources available for plant growth. Dorrepaal et al. (2005) found 

that litter quality was correlated with growth form, and that relationships between growth 

form and litter decomposability decreased with increasing latitude, indicating that harsh 

environmental conditions prompted a general shift towards more stress-tolerant traits. The net 

effect of trait aggregations is dependent on plant community composition; the traits of one or 

a subset of species within the plant community may be particularly dominant in their effects 

on the ecosystem (Hollingsworth et al. 2008). Plant traits control the potential for soil carbon 

sequestration via a variety of mechanisms, broadly divided into inputs via primary 

productivity and belowground carbon allocation, and outputs via respiration and leaching (De 

Deyn et al. 2008). The physical presence of plants can also influence the impact of weathering 

processes on erosion in peatlands, and influences the position of the water table, which 

controls the balance of greenhouse gas fluxes from peatlands (Robroek et al. 2010). 
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Heterogeneity in peatland plant community composition therefore influences C cycling over 

small scales (e.g. McNamara et al. 2008), through mediating effects on nutrient availability 

and abiotic conditions, in addition to functional feedbacks acting on the soil microbial 

community. 

 

Some plant types are known for their very specific moderating influences on peatland C 

dynamics. Sphagnum mosses, for example, are known for their role as ecosystem engineers in 

peatlands, contributing to the expansion of peat deposits through their recalcitrant litter (van 

Breemen 1995). Sphagnum species have also been shown to harbour highly specific bacterial 

communities in symbiotic association (Bragina et al. 2011) and play an important role in 

peatland CH4 cycling globally through their close association with methanotrophic bacteria 

(Kip et al. 2010). Sedges, such as Eriophorum sp., play an important role in overall fluxes of 

CH4 from peatlands, their aerenchymous tissues acting as conduits through which CH4 is 

transported from the catotelm to the atmosphere, thereby significantly reducing the amount of 

oxidation that occurs as a result of CH4 diffusion through the acrotelm (Greenup et al. 2000; 

Marinier, Glatzel, & Moore 2004). Sedges have also been shown to play a role in the 

stimulation of methanogenic archaea through the provision of labile substrates through their 

deep rooting systems (Ström et al. 2012). Plant community composition has frequently been 

shown to play a key role in determining the nature and rates of peatland ecosystem functions – 

Trinder et al. (2008), found that the composition of plant litter had a stronger effect on fungal 

community composition and nutrient turnover than water table position, and Ward et al. 

(2010) noted that litter composition, including evenness and the presence of certain species, 

affected rates of decomposition. 

Aboveground-belowground links 
There is growing evidence for linkages between aboveground and belowground communities, 

particularly regarding functional feedbacks between plants and soil microbes, across biomes 

(Wardle et al. 2004; Bardgett 2005; Bardgett & Wardle 2010; de Vries et al. 2012). It has 

been suggested that plant diversity affects soil carbon cycling by providing different 
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aggregations of functional traits. Fornara & Tilman (2008) use the term complementarity for 

the positive effects of interspecific differences in plant traits, through their influence on 

primary productivity, and soil carbon sequestration potential, for example. Increased 

heterogeneity in litter inputs may lead to specialisation among the soil microbial community, 

and the variable quality of the carbon resource may result in the selection of the microbial 

community through stress tolerance (Hooper et al. 2000); Yuste et al. (2007) note that the 

composition of the microbial community shifts to optimise the efficiency of decomposition 

relative to transient changes in resource quality. 

 

Different plant types are likely to contribute differing ratios of labile to structural carbon 

compounds (such as lignin and cellulose) to the soil, thereby conditioning the structures of 

decomposer communities in the soil (Pendall, Rustad, & Schimel 2008). The microbial 

communities that have a key role in mediating the vulnerability of peatland C stores have been 

shown to respond to plant succession (Artz et al. 2008). It is therefore considered likely that 

the structure and functioning of peatland microbial communities will shift according to 

changes to climate and the resultant changes in abiotic conditions and vegetation succession 

(Bardgett & Wardle 2010). Treseder et al. (2011) emphasise the importance of including soil 

microbial communities in models of ecosystem C cycling, calling for the development of 

approaches where the functional aspects of soil microbial communities are explicitly included 

in modelling frameworks.  

 

Hooper et al. (2000) suggest that belowground diversity also affects aboveground diversity, 

where close ecological associations between organisms exist – the mutualism between 

mycorrhizal fungi and vascular plants for example, which provides the host plant with 

nutrients. The chemical structure of plant litter, associated with plant traits, is important in 

affecting belowground community structure, which in turn has implications for aboveground 

nutrient availability (Orwin et al. 2006). Högberg & Read (2006) emphasise the importance of 

process continuity between the plant and soil communities. It is important to determine 
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associations between plant and microbial communities. Identifying easily-measurable 

aboveground traits that act as surrogates for belowground carbon dynamics, at relevant spatial 

scales, will aid in the extrapolation of models of carbon fluxes from peatlands (De Deyn et al. 

2008). Mitchell et al. (2010) suggested that vegetation could be used as a stable proxy for the 

combined effects of biological and abiotic drivers, over time. Spatial heterogeneity in soil 

microbial communities occurs at scales ranging from millimetres to hundreds of metres; the 

effects of the above- belowground link between plants and the soil microbial community 

should be most noticeable when landscapes are divided into landscape units of contrasting 

ecology (Bardgett & Wardle 2010). 

Peatland microbial communities 
Microbial communities have been referred to as ‘the unseen majority’ by van der Heijden et 

al. (2008), a statement that emphasises the role of microorganisms as the fundamental 

controllers of biogeochemical processes operating in ecosystems. Soil microbial communities 

remain challenging to study, due to their vast diversity and the difficulty associated with 

successfully extracting information on their identity and functions, particularly in peatlands, 

where high concentrations of humic compounds and remnant DNA can lead to problems with 

effective characterisation. These difficulties emphasise the utility of determining correlations 

between aboveground diversity and belowground functioning, because aboveground patterns 

may be used as a proxy for predicting belowground functioning and processes (Hooper et al. 

2000). Moreover, Treseder et al. (2011) emphasise the importance of including soil microbial 

communities in models of ecosystem C cycling, calling for the development of approaches 

where the functional aspects of soil microbial communities are explicitly included in 

modelling frameworks. In order to parameterise such models, knowledge of variation in soil 

microbial communities and the likely drivers behind it, at landscape scales, is necessary. 

 

Of the abiotic controls on peatland soil microbial community composition, pH and the O2 

content of peat (implicit in the height of the water table) have repeatedly been identified as 

important variables, which influence the structure of soil microbial communities. Bru et al. 
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(2011) used a spatially-explicit approach to determine landscape-scale controls on the 

diversity of nitrogen cycling communities, finding pH to be a dominant controlling factor in 

many cases. Other studies have emphasised the importance of hydrology in influencing 

peatland microbial community structure (Sundh et al.1997). Depth has been cited as a 

universal driver of measured variation in soil microbial community composition (Fierer et al. 

2003; Eilers et al. 2012). 

 

Several studies have reported on associations between peatland plant and microbial 

communities. Fisk et al. (2003) found that differences in microbial activity and the functional 

composition of microbial communities varied between peatlands dominated by distinct plant 

communities, while Zak & Kling (2006) found similar landscape-scale differences in 

microbial community structure in the Alaskan tundra in response to plant communities. In 

some cases, specific functional groupings of soil microorganisms have been associated with 

certain peatland plant communities, providing further evidence for the importance of above- 

belowground links for ecosystem functioning in peatlands. Methanogen communities, for 

example, were found to be associated with tussock tundra by Galand et al. (2003). 

Revealing the ‘unseen majority’ 
Prior to the advent of culture-independent techniques, only the minority of soil 

microorganisms could be studied directly, without that guarantee that observed patterns were 

representative of characteristics of populations occurring in situ (Hirsch et al. 2010). The 

advent of culture-independent techniques for characterising soil microbial communities has 

reduced the time-consuming need to grow cultures in the laboratory, thereby increasing the 

possible spatial and temporal resolutions at which these communities can be studied, and 

enabled a more comprehensive fingerprinting of the diversity existing belowground (Hirsch et 

al. 2010). One of the most commonly used is Phospho-Lipid Fatty Acid (PLFA) analysis. 

PLFA analyses take advantage of the variation in the phospholipids that occur as structural 

components in the cell walls of microorganisms: broad groupings of soil microorganisms are 

associated with certain characteristic fatty acids, the lengths of which can be determined by 
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gas chromatography (Ruess & Chamberlain 2010). As such, PLFAs are useful as biomarkers 

for broad microbial groupings, including bacteria, fungi, gram-positive and gram-negative 

bacteria, and actinobacteria (Frostegård et al. 1996; Zogg et al. 1997), and can be used to 

quantify microbial biomass (Frostegård & Bååth 1996). However, PLFAs cannot be used as a 

measure of microbial diversity, because PLFAs are shared across taxa – the meaning of 

‘diversity’ in this context is therefore misleading (Frostegård et al. 2011). While PLFA 

analyses, being relatively straightforward to carry out and interpret, remain useful as an 

accessible tool for characterising broad structure in microbial communities, more specific 

approaches that use DNA or RNA to ‘fingerprint’ microbial communities are becoming 

commonplace. One such technique involves the quantification and analysis of (multiplex) 

terminal restriction fragment length polymorphisms (M-TRFLP). M-TRFLP analysis is a 

polymerase chain-reaction – based technique that can be used the compare microbial 

community diversity between different DNA or RNA profiles extracted from soil (Thies 

2007). Using specially-developed primers, specific groupings of microorganisms can be 

targeted, the resulting TRFs (terminal restriction fragments) representing the operational 

taxonomic units present in the community (Singh et al. 2006). M-TRFLP analysis is a high-

throughput technique which, along with PLFA analysis, has increased the range of spatial and 

temporal scales over which detailed analyses of soil microbial communities are possible. 

Peatland C stocks 
Peatlands accumulate deep deposits of organic material as a result of the imbalance between 

primary production and decomposition, the latter of which is inhibited by waterlogged 

conditions. There are various estimates of the size of the current peatland C stock, ranging 

from 270 Gt C (Turunen et al. 2002) to 621 Gt C (Yu et al. 2010). The wide range of 

estimates highlights the uncertainties that complicate the measurement and extrapolation of 

peatland C stocks to larger scales. Peatland C stocks are directly related to variations in peat C 

content, which varies over small scales as a result of spatial heterogeneity in peatland plant 

communities (Straková et al. 2012), and variation in the depth of peat deposits. Peat depth in 

blanket peatlands has been found to vary over landscape scales as a function of topography, 
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particularly slope (Buffam et al. 2010; Holden & Connolly 2011). These small-scale 

variations contribute to uncertainty in models of peatland C stocks; the representation of 

peatlands as homogeneous ‘slabs’ in modelling and scaling exercises arguably being the 

assumption that has the greatest impact (Baird et al. 2009). Some relatively recent inventories 

of C stocks in boreal regions (Sheng et al. 2004; Beilman et al. 2008, 2009) have attempted to 

take small-scale variation in peatland C stocks into account by combining data on the spatial 

extents of peat volumes represented by individual peatland units. However, these studies tend 

to neglect variation in peat depth within individual peatland units, i.e. of the order of metres. 

There remains a gap in knowledge concerning the modelling of within-peatland C stocks at 

scales that are relevant to blanket peatland ecosystems. 

Figure 2: A conceptual view of peatland greenhouse gas fluxes 

Modelling spatial variation in peatland ecosystem functions 
Peatlands are composed of distinctive vegetation types that can be identified using remotely 

sensed imagery, which is advantageous considering that many of the world’s peatlands are in 
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remote regions and are therefore difficult to survey using traditional methods. Remote sensing 

(the collection of information, usually from an overhead perspective, utilising the reflectance 

of electromagnetic waves from the Earth’s surface (Campbell 2006)) is well-suited to 

mapping of peatlands, because peatland plant communities have relatively distinctive spectral 

signatures, which make them easier to classify (Krankina et al. 2008). Sensors such as 

MODIS (Moderate Resolution Imaging Spectroradiometer) have been used to derive 

estimates of peatland landcover at low spatial resolution (1 km) over large areas (2330 km 

swath width) (Pflugmacher et al. 2007). Poulin et al. (2002) used a Landsat 7 ETM+ 

(Enhanced Thematic Mapper) image to map peatland habitat classes at 30 m resolution, with 

reasonable accuracy – the mapped habitat classes within 45 m of the reference sites were the 

same as those identified via ground truthing, with the exception of lawns and pools. Recently, 

more sophisticated approaches to classifying imagery using techniques from multivariate 

statistics have emerged, such as Random Forests, which has been used to produce peatland 

landcover maps with accuracy greater than 90% (Chapman et al. 2010; Bradter et al. 2011). 

 

Spatially explicit approaches lend themselves particularly well to scaling characteristics of 

peatland ecosystems, such as C stocks; Sheng et al. (2004) combined remotely sensed data 

(150 m resolution) with a GIS database and field data to produce an inventory of the west 

Siberian peatland carbon pool. Recent advances in remote sensing technology, including the 

development of hyperspectral techniques and finer spatial resolution (the QUICKBIRD 

satellite instrument, for example, samples at spatial resolutions finer than one metre) are now 

available and permit more robust characterisation of peatland landforms (Bubier et al. 2006). 

The spatial resolution of remotely-sensed data is particularly important, especially when that 

data is used as an ancillary variable for extrapolation of greenhouse gas fluxes or C stocks: 

using data where the spatial resolution is too coarse can lead to marked errors in the 

estimation of peatland greenhouse gas fluxes because biogeochemical hot spots are omitted 

(Becker et al. 2008). In addition, Holden (2005) notes that the use of high resolution digital 

terrain data is particularly important in peatland environments, where microtopographical 
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differences are key determinants of hydrology and ecology. Couwenberg et al. (2011) 

highlighted the utility of using distinct vegetation units, readily identifiable from remotely-

sensed data, as a proxy for peatland greenhouse gas fluxes, because of the correlations 

between vegetation and greenhouse gas fluxes. 

 

The problem of spatial interpolation is frequently encountered in environmental and earth 

sciences, due to the inherent spatial variation in environmental phenomena and the size of the 

areas studied – a problem of particular relevance to peatlands. Because spatially exhaustive 

surveys are not possible, observations taken at discrete points are interpolated over a fixed 

spatial domain, allowing a variable of interest to be estimated at unvisited locations (Hengl et 

al. 2004). Kriging is a geostatistical technique that, at a basic level, derives trend properties of 

phenomena to be interpolated from measurements, then applies these properties to estimating 

the unmeasured surface, based on the assumption of Tobler’s First Law of Geography: 

everything is related to everything else, but things that are near to each other are more related 

than others (Longley et al. 2005). Kriging has been recognised as one of the principal and 

most robust interpolation methods since the 1970s (Hengl et al. 2004). Kriging extended with 

regression (regression kriging) has proved to produce more accurate and detailed results for 

the interpolation of soil variables (Mueller & Pierce 2003). Regression kriging works by 

modelling relationships between ancillary and target variables at sampled locations, then 

applying them in interpolation of the estimated variable at unmeasured locations (Hengl et al. 

2007). The ancillary variables used in regression kriging can be derived relatively easily from 

remotely-sensed data (McBratney et al. 2003), enabling a much broader spatial coverage than 

could be achieved by manual survey alone. Geostatistical approaches using regression kriging 

clearly have substantial potential for modelling the spatial variability in peatland C dynamics, 

based on statistical relationships derived from remotely-sensed data. 

Introduction to the study site 
This study was carried out within the Trout Beck catchment, a sub-catchment of the larger 

Moor House National Nature Reserve, located to the east of the main north-south ridge of the 
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North Pennines, England (54 ° 65 ′ N, 2 ° 45 ′ W) (Figure 3). The 1146 ha area of the Trout 

Beck catchment is primarily covered by blanket peatland, which has accumulated since the 

end of the last ice age on an underlying stratum of glacial boulder clay. The boulder clay 

deposits obscure much of the solid geology of the catchment, which is known to consist 

predominantly of carboniferous limestone, sandstone and shale (Heal & Smith 1978). The 

elevation of the Trout Beck catchment ranges from 518 to 845 m above sea level, and the 

climate is described by Heal & Smith (1978) as oceanic and subarctic, rather than temperate. 

The mean annual temperature is 5.8 °C and mean annual precipitation is 2048 mm 

(Environmental Change Network 2012). 

 

The blanket peatland plant community is predominantly classified as National Vegetation 

Community (NVC) M19b: Calluna vulgaris – Eriophorum vaginatum blanket mire 

(Empetrum nigrum ssp nigrum sub-community). Extensive areas of bare and eroding peat are 

also present, in addition to dendritic gully systems, within which the plant community 

composition is similar to that embodied in NVC M17c: Scirpus cespitosus – Eriophorum 

vaginatum blanket mire (Juncus squarrosus – Rhytidiadelphus loreus sub-community). Land 

use within the Trout Beck catchment traditionally consisted of grazing for sheep at low 

densities (Rawes & Heal 1978), which continues to the present day under the supervision of 

Natural England, and mining for lead and tin during the 18th and 19th centuries, which has 

left clear marks on the landscape in the form of drainage channels, mine workings and tracks 

(Rawes & Heal 1978). 

 

The Trout Beck catchment and the wider Moor House reserve have supported a long history 

of research, with over 30 published studies since the 1960s covering a range of topics 

including vegetation mapping (Eddy et al.1968), paleoecology (Chambers 1978), hydrology 

(Holden & Burt 2003) and, more recently, the influence of land use and vegetation on C 

dynamics (Ward et al. 2007; McNamara et al. 2008; Ward et al. 2009; Orwin & Ostle 2012). 

The Trout Beck catchment represents an ideal model system for studying the roles of plants, 
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soil microbial communities and landforms in peatland C dynamics, because of the variety of 

plant communities present at the site, in addition to the remarkable amount of knowledge and 

expertise that already exist for it.  
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Figure 3: A map showing the location of the Trout Beck study catchment in the context of 

Great Britain and (as a true colour aerial photograph) within its immediate surroundings at 

Moor House National Nature Reserve  

Location of plots used in 
Paper 2 

Approximate location of 
Moor House NNR 
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Aims and objectives of this study 
The importance of small-scale spatial variation in peatland plant, microbial communities, and 

abiotic conditions, and their relevance to peatland C dynamics, is clear. However, a gap in 

knowledge regarding how these peatland ecosystem properties vary at landscape scales. The 

overall aim of this study was, therefore, to investigate the associations between plant and 

microbial communities, and C dynamics, across distinctive peatland landform units (hereafter 

referred to as ‘landforms’). We also aimed to determine the contribution of landforms to key 

peatland ecosystem functions – C storage, greenhouse gas fluxes – at the landscape scale. To 

achieve this, an extensive programme of field sampling to characterise the plant and microbial 

communities and ecosystem functioning of peatland landforms at broad spatial scales was 

conducted over a period of two years. 

 

Our aims were achieved via the following objectives: 

• To determine the variation of plant and soil microbial communities across peatland 

landforms, using a spatially-extensive survey, PLFA and molecular (M-TRFLP) 

techniques to characterise microbial communities (Paper 1). In particular, we 

examined: 

o Contrasts in microbial communities between landforms and depths 

o Biotic and abiotic drivers of microbial community structure 

• To investigate seasonal patterns and drivers of greenhouse gas fluxes (short-term C 

dynamics) from peatland landforms, using a 12-month field study (Paper 2). 

• To examine the variation in C accumulation rates and C stocks (long-term C 

dynamics) across peatland landforms (Paper 3), specifically: 

o Determining contrasts in C stocks between landforms and variations in C 

stocks with depth 

o Exploring the potential of using a digital terrain model and remotely-sensed 

data to model peatland C stocks at the landscape scale 
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• To determine the contributions of landforms to landscape-scale C stocks and peatland 

global warming potential under hypothetical scenarios of landform and climate 

change, using a geostatistical approach (Paper 4) 
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Abstract 

Peatland ecosystems are hotspots for carbon (C) cycling. Plant and microbial community 

structure play a key role in determining ecosystem function. However, the complex, 

heterogeneous structure of peatlands makes it difficult to resolve patterns at the landscape 

scale. Determining the extent to which plant and microbial diversity vary between landform 

units will aid our understanding of peatland heterogeneity and the impacts this is likely to 

have on ecosystem functioning, particularly carbon cycling. Here, we take a spatially-explicit 

approach, dividing a blanket peatland into landform units with distinct hydrology and 

ecology. We surveyed the plant community and investigated the microbial community using 

PLFA and M-TRFLP approaches, assessing the extent to which the soil microbial community 

was associated with the plant community, landform units, depth, and abiotic factors, at the 

landscape scale. Results showed that microbial community structures varied significantly 

between landforms and depths, while pH and C : N explained significant portions of the 

variation in microbial community structures across all landforms and depths. Landforms act as 

landscape-scale proxies for the microbial community in peatlands, and hence may be useful in 

incorporating aboveground- belowground interactions into biogeochemical cycling models. 

 

Keywords: peatland; microbial community; plant functional type; landform; PLFA; M-

TRFLP; PERMANOVA; co-correspondence analysis 
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Introduction 
There has recently been increased recognition of aboveground-belowground interactions as 

drivers of ecosystem processes (Bardgett & Wardle 2010). Soil microbial communities exert 

fundamental control over the biogeochemical processes operating in ecosystems, ultimately 

determining the status of an ecosystem as a sink or a source of carbon (C). This ‘unseen 

majority’ (van der Heijden et al. 2008) has a great influence on a variety of ecosystem 

processes, particularly those related to biogeochemical cycling (van der Heijden et al. 2008). 

The ecology of microbial communities is particularly relevant in the context of peatland C 

cycling. Peatlands are of global importance for C cycling, representing vast reservoirs of C – 

on an area basis, they hold more C than any other ecosystem, equivalent to half of that 

contained in the atmosphere, on three per cent of the Earth’s surface (Dise 2009). The global 

peatland C stock is vulnerable to changes in climate (Yu et al. 2011). The microbial 

communities that have a key role in mediating the vulnerability of peatland C stores have been 

shown to respond to plant succession (Artz et al. 2008). Thus, climate-related shifts in 

vegetation patterns may lead to changes in the structure and functioning of soil microbial 

communities (Bardgett & Wardle 2010), coincident with changes in abiotic conditions that 

increase the vulnerability of previously recalcitrant C to emission as CO2 and CH4 via changes 

in the rate of heterotrophic respiration (Dise & Phoenix 2011) and disturbances such as 

wildfire (Turetsky et al. 2011). 

 

The main drivers of soil microbial communities are the quantity and quality of organic matter 

inputs and soil abiotic conditions, including chemistry and water table height. Plant 

community composition is one of the key determinants of soil microbial community 

composition, and therefore ecosystem function, in peatlands; the structure of the plant 

community drives the activity of the belowground microbial community and thereby has an 

indirect influence on biogeochemical cycling (De Deyn et al. 2008; de Vries et al. 2012), 

while the physical presence of plants controls the impact of weathering processes on erosion 

and influences the position of the water table (Robroek et al. 2010). In peatlands, the carbon : 
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nitrogen (C:N) ratio of plant litter varies widely between plant functional types, with 

consequences for the quality of soil organic matter supplied to soil microbial communities 

(Trinder et al. 2009). Heterogeneity in the distribution of peatland plant communities 

influences C cycling over local scales through its effects on nutrient availability and abiotic 

conditions (McNamara et al. 2008). The position of the water table directly affects the 

availability of oxygen (O2) in the soil, leading to selection for microbes that can utilise 

alternative electron acceptors for decomposition (Artz 2009). In peatlands, the soil profile has 

classically been divided into two zones; Clymo & Bryant (2008) introduced the mesotelm as 

an addition to Ingram's (1978) two-layer model, defined as a periodically anoxic zone below 

the oxic acrotelm and above the anoxic catotelm. Peatlands are highly heterogeneous 

ecosystems, which are subject to marked variation in plant community composition and 

abiotic factors, such as nutrient status and water table position, over short distances, typically 

in the order of metres (Baird et al. 2009). Accounting for peatland heterogeneity – both 

biological and abiotic – in models of biogeochemical cycling constitutes a major challenge. 

  

Several studies have investigated linkages between aboveground and belowground 

communities in peatlands at a range of scales, frequently indicating strong spatial variation in 

soil microbial communities in relation to plant communities. This emphasises the importance 

of accounting for soil microbial community composition in peatlands, where small-scale 

spatial variation in plant communities occurs primarily as a result of differences in the 

position of the water table relative to the peat surface. Fisk et al. (2003) found differences in 

microbial activity and functional composition between peatlands dominated by different plant 

types; microbial activity was higher where Sphagnum and shrubs were the prevalent plant 

cover, and lower where trees and sedge dominated. Zak & Kling (2006) found landscape-scale 

differences in microbial community structure in the Alaskan tundra, with a greater abundance 

of fungi apparent under tussock tundra, an association also found to hold for methanogen 

communities by Galand et al. (2003). Trinder et al. (2008) found that fungal community 

composition, and thus the rate of C turnover in the soil, was affected by litter type and water 
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table position, with litter type being slightly more significant. Water table position has 

frequently been identified as a strong driver of soil microbial community structure; where 

differences in microbial communities beneath contrasting plant communities exist, the 

influence of plant community on the soil microbial community generally declines with depth 

(Sundh et al. 1997; Galand et al. 2003; Zak & Kling 2006; Artz et al. 2008). 

 

Determining correlations between aboveground and belowground communities is important 

because of the difficulties associated with measuring the latter; aboveground patterns of either 

species diversity or composition may be used as a proxies for predicting soil microbial 

communities, and their associated functioning (Hooper et al. 2000; de Vries et al. 2012). 

Identifying aboveground patterns that act as surrogates for those occurring belowground, at 

appropriate spatial scales, will aid in the up-scaling of biogeochemical cycling models to 

ecosystem scales and beyond (De Deyn et al. 2008). Mitchell et al. (2010) suggested that 

vegetation could be used as a stable proxy for the combined effects of biological and abiotic 

drivers, over time. Spatial heterogeneity in soil microbial communities occurs at scales 

ranging from millimetres to hundreds of metres; the effects of the above- belowground link 

between plants and the soil microbial community should be most noticeable when landscapes 

are divided into landscape units of contrasting ecology (Bardgett & Wardle 2010). However, 

few studies have attempted to characterise both plant and soil microbial communities at scales 

relevant to variation in key ecosystem functions, such as greenhouse gas fluxes, in peatlands. 

 

Ecosystem-scale surveys are necessary to capture the variation that occurs in soil microbial 

communities between landforms, at a scale that is relevant for spatial up-scaling and 

incorporating above- and belowground interactions into C-cycling models; Standing et al. 

(2007) emphasised the importance of integrating information from micro- and macro-ecology 

across the 13 orders of magnitude from molecular to landscape scales. Recent developments 

in culture-independent, high-resolution microbial community profiling techniques, such as 

Multiplex Terminal Restriction Fragment Length Polymorphism (M-TRFLP), have increased 
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the spatial scope of studies of microbial community structure and diversity to include 

variations across broad regions and whole ecosystems (Fierer et al. 2009; Griffiths et al. 2011; 

Bru et al. 2011). At the same time, there have been advances in statistical approaches that 

complement large-scale analyses of microbial community structure; Mitchell et al. (2010), for 

example, used co-correspondence analysis to investigate the relationship between plant and 

soil microbial communities along a vegetation succession. There remains a clear need to 

acknowledge the variation in peatland soil microbial communities, and the drivers of this 

variation, at a scale appropriate for inclusion in models of biogeochemical cycling. 

 

The main aim of our study was to characterise the plant and soil microbial community 

composition of principal landforms in an upland blanket peatland. We also aimed to identify 

variables that significantly influenced the soil microbial community at the landscape scale, 

assessing the amount of variance explained by biotic and abiotic variables respectively. To do 

this, we characterised three principle peatland landforms of contrasting ecology – eroding 

areas, gullies, open moorland – in terms of their plant and soil microbial community 

composition, and tested for differences in plant and microbial communities between the three 

landforms, at the landscape scale. These landforms were chosen because they represent a 

compromise between encompassing sufficient variation in plant communities and abiotic 

conditions, and being easily-discernible at larger scales – from aerial photography or high-

resolution satellite imagery, for example. This renders them useful for up-scaling 

characteristics of peatland biological communities and C cycling to larger scales. Gullies are 

ecologically and hydrologically distinct from open moorland and eroding areas, with a 

dendritic geomorphology to facilitate run-off from surrounding areas of blanket peatland, and 

typically with shallower water table depths and a plant community more related in 

composition to that of a minerotrophic fen (McNamara et al. 2008). Images depicting each of 

the landforms in this study are shown in Figure 1. 
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Figure 1: Photographs illustrating peatland landform vegetation: eroding areas, gullies and 

open moorland 

 

Specifically, we aimed to test the following hypotheses: (1) that the soil microbial community 

varies significantly between peatland landforms and depths relative to the mean water table, 

(2) that variation in microbial communities across landforms can be explained using peat 

chemical properties and plant community composition. To test these hypotheses, we devised a 

landscape-scale survey to characterise peatland landforms in terms of their plant composition, 

soil microbial community composition, and peat physical and chemical properties. Soil 

microbial community composition was determined using two techniques: phospholipid fatty 

acid (PLFA) analysis and M-TRFLP. 

Methods 

Peatland survey and field sampling for microbial community structure 
Fieldwork was carried out within the Trout Beck catchment, a 1146 ha watershed within the 

Moor House National Nature Reserve, in the North Pennines, UK (54 ° 65 ′ N, 2 ° 45 ′ W). 

The mean annual temperature is 5.8 °C and mean annual rainfall is 2048 mm, with 90% of the 

Trout Beck catchment covered in blanket peatland (Environmental Change Network 2012). A 

vegetation and landform survey was carried out between June and September 2008, and May 

and July 2009, as part of a wider objective to update habitat mapping within the Troutbeck 

catchment. Quadrat sampling points were located systematically at the mid-points of a 100 m 

grid, and located in the field using a handheld GPS unit (Garmin eTrex Vista HCx). Data were 

entered into a GIS database in the field using a modified version of the ‘CS Surveyor’ digital 

data capture system designed for Countryside Survey 2007 (Maskell et al. 2008). Peat depth 
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was measured in the centre of each quadrat using extendable rigid rods and recorded to the 

nearest centimetre. 419 quadrats were surveyed in total. 

 

The blanket peatland within the Trout Beck catchment is comprised principally of eroding 

areas, gullies and open moorland. Peat core sampling locations were randomly selected from 

the surveyed quadrat locations. A representative sample of peat cores was taken from each 

landform type. To ensure that peat cores represented the full range of peat depths in the Trout 

Beck catchment, the peat depth data gathered during the vegetation survey was used to 

produce subsets of surveyed plots within each landform type. The coring locations were 

randomly selected from these subsets using the HawthsTools ‘Random Selection within 

Subsets’ routine in ArcGIS (Beyer 2004; ESRI 2010) and are shown in Figure 2. While we 

aimed to take 36 peat cores (12 in each landform), problems with field access resulted in a 

final sample of 11 eroding area, 11 gully and 10 open moorland cores. This slight departure 

from orthogonality was not considered to be a problem for statistical analysis. Full-depth peat 

cores were taken using an Eijkelkamp Agrisearch Equipment Peat Sampler (Eijkelkamp, 

Giesbeek, The Netherlands) and sealed in plastic bags. All the cores were taken during the 

2009 growing season and were stored at 4°C prior to sub-sampling into 5 cm depth increments 

within four weeks. 
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Figure 2: Map of the Trout Beck catchment indicating coring locations for the microbial 

community survey. 

Peat chemical and physical properties 
Peat samples of a known volume were sampled, weighed and freeze-dried to calculate bulk 

density and gravimetric water content. Total C and N contents were then determined on 

homogenised samples using a LECO Truspec CN analyser. pH was measured using a ratio of 

1:2.5 fresh peat at room temperature to deionised water, and a Hanna 211 pH meter with a 

two-point calibration, as detailed in Emmett et al. (2008). 

Microbial community analyses 

Peat sampling and processing 
To measure microbial communities operating in aerobic and anaerobic environments, three 

depths were targeted for analyses: acrotelm (0-5 cm), mesotelm (15-20 cm) and catotelm (75-

80 cm or deepest increment where cores were shallower). This division is based on mean 

water table depths for the Trout Beck catchment, collated from published and unpublished 

data (Ward et al. 2007; McNamara et al. 2008; Talbot 2008; Ward 2010). Separate samples 

for M-TRFLP and PLFA analyses were taken from each depth and frozen immediately in 
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sealable bags at -80°C and -20°C respectively. Samples for M-TRFLP were partially thawed 

and homogenised in their bags, using instruments cleaned with 100% v/v EtOH and DNA 

Remover™ (Minerva Biolabs GmbH, Berlin, Germany). 500 mg of peat was weighed into 

Lysing Matrix type E tubes (MP Bio, OH, USA) and frozen at -80°C prior to extraction. 

PLFA samples were freeze-dried and homogenised prior to analysis. 

DNA extraction, M-TRFLP analysis and data processing 
DNA extraction for TRFLP analysis followed the methods of Griffiths et al. (2000), except 

nucleic acids were precipitated for three hours and the pellets re-suspended in 50 µl RNase-

free H2O following air-drying. Extraction quality was quantified by agarose gel 

electrophoresis (Ethidium bromide; 1mg ml-1), using 4 µl of DNA, 4 µl of loading buffer and 

2 µl of Hyperladder 1 (Bioline Reagents Ltd., London, UK), followed by visualisation under 

UV light. Multiplex PCR was carried out in 50 µl volumes, using 1 µl of the extracted DNA at 

1:20 concentration and the primers listed in Table 1, all at concentrations of 20 pmol µl-1. The 

cycling parameters for the PCR were: 5 minutes at 95ºC; 30 seconds at 94ºC, 30 seconds at 

55ºC and 1 minute at 72ºC, repeated 30 times; and 10 minutes at 72ºC. PCR products were 

cleaned-up using the Wizard® SV clean-up system (Promega Corp., WI, USA) prior to 

quantification of cleaned-up DNA concentration using a NanoDrop 1000 spectrophotometer 

(Thermo Scientific, MA, USA). A restriction digest of the PCR products was performed using 

the Hha1 enzyme (Promega Corp.) according to standard protocols, prior to fragment size 

analysis by capillary electrophoresis using an ABI Prism® 3130xl Genetic Analyser (Applied 

Biosystems, CA, USA). Positive (DNA from a reference soil) and negative controls were used 

throughout the amplification and fragment size analysis steps to ensure data quality. Data 

were processed to remove noise (peak heights with fluorescence intensities below 30), and 

allocated peak sizes according to the GS500(-250) LIZ internal sizing standard, using Applied 

Biosystems PeakScanner software (Applied Biosystems 2006). Further noise removal, TRF 

alignment and data matrix construction were carried out in T-REX, with TRFs occurring in 

fewer than five per cent of samples omitted, peak heights relativised between samples and 

data converted to presence/absence (Culman et al. 2009). 
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Table 1: Primers used in PCR for M-TRFLP 

PLFA extraction and data processing 
PLFAs were extracted from freeze-dried bulk peat, according to the methods outlined by 

Frostegård et al. (1991), which are based on those of White et al. (1979), modified from Bligh 

& Dyer (1959). Individual PLFA concentrations were determined by gas chromatography 

(Agilent 6890 fitted with a flame-ionisation detector (Agilent Technologies, CA, USA)), 

assigned based on comparison of retention times with a known standard (C19), and quality-

controlled by comparison with a reference soil – Glensaugh Moor, a peaty podzol (Miller et 

al. 2001). Classification of PLFAs was carried out according to Frostegård et al. (1996) and 

Zogg et al. (1997) (see Table 2). Only PLFAs classified as belonging to bacteria, 

actinobacteria or fungi were used in analyses. 

Bacteria Actinobacteria Gram-positive bacteria Gram-negative bacteria Fungi 
15:0 16:0(10Me) 15:0i 16:1ω7c  18:2ω 6,9 
 17:0(10Me) 15:0ai 16:1ω7t  
 18:0(10Me) 16:0i 16:1ω5c  
  16:0(10Me) 17:0cy  
  17:0i 18:1ω7  
  17:0ai 19:0cy  
  17:0(10Me)   
  18:0(10Me)   

Table 2: Classifications of PLFAs used to represent microbial community structure, after 

Frostegård & Bååth (1996) and Zogg et al. (1997). 

Statistical methodology 

Community 
(Target region) 

Primer 
(Supplier) Sequence Reference 

Eubacteria 
(16S rRNA gene) 

63F-VIC 
(Applied 
Biosystems) 

AGG CCT AAC ACA TGC AAG 
TC 

(Marchesi et al. 1998) 

1087R 
(Invitrogen) 

CTC GTT GCG GGA CTT ACC 
CC 

(Hauben et al. 1997) 

Fungi 
(ITS) 

ITS1-FAM 
(Invitrogen) 

CTT GGT CAT TTA GAG GAA 
GTA A 

(Gardes & Bruns 1993) 

ITS4 
(Invitrogen) 

TCC TCC GCT TAT TGA TAT 
GC 

(White et al. 1990) 

Archaea 
(16S rRNA gene) 

Arch344F 
(Invitrogen) 

TTC CGG TTG ATC CTG CCG 
GA 

(Casamayor et al. 2002) 

Ar927-NED 
(Applied 
Biosystems) 

CCC GCC AAT TCC TTT AAG 
TTT C 

(Jurgens et al. 1997) 
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Three statistical approaches were employed to address the hypotheses set out above. ANOVA 

and non-parametric permuted multivariate analysis of variance (PERMANOVA) were used to 

confirm and identify differences in plant community composition and diversity between 

landforms. PERMANOVA is analogous to a multivariate analysis of variance that uses 

permutations to overcome the formal assumptions of parametric ANOVA (Anderson 2001). 

To address hypotheses 1 and 2 and satisfy the assumptions of ANOVA, all PLFA variables 

were log-transformed, except the ratio of gram-positive to gram-negative bacteria, which was 

square-root transformed. The core identifier was included as a random effect in the mixed 

effects model, to account for between-core heteroscedascity. PERMANOVA was used to test 

for differences in the M-TRFLP data between landforms and depths (hypotheses 1 and 2). 

Tukey’s HSD test was applied to identify differences between factors when results were 

significant (P ≤ 0.05). 

 

The extent to which microbial community composition was explained by abiotic (C, N, C : N, 

pH, water content) and biological variables (total plant cover, overall species richness, 

functional group richness – selected as simple indicators of the biomass and diversity of the 

plant community) was determined using distance-based redundancy analysis (db-RDA), a 

form of regression analysis that is used to model multivariate response data (Borcard et al. 

2011b), followed by variance partitioning. The Hellinger and Jaccard transformations were 

chosen as the most appropriate (Legendre & Gallagher 2001; Borcard et al. 2011c) and 

applied to produce dissimilarity matrices for the PLFA and M-TRFLP data respectively, for 

use as response variables in db-RDA. This approach is similar to that used by Andersen et al. 

(2010) and demonstrated by McArdle & Anderson (2001) 

 

To determine whether plant species composition could be used to explain microbial 

community composition, co-correspondence analysis (ter Braak & Schaffers 2004) was used 

to relate the PLFA and M-TRFLP microbial community matrices (transformed as per the db-

RDA described above) to the plant community data. Co-correspondence analysis is an 



30 
 

ordination method that can be used to quantify the degree to which the structure of one 

ecological community can be used to predict the that of another, by finding patterns common 

to both communities (ter Braak & Schaffers 2004; Schaffers et al. 2008; Mitchell et al. 

2010b). This analysis was restricted to the acrotelm microbial community structure data, 

which was deemed most likely to reflect an influence of the plant community structure, if 

present. 

 

All statistics and graphs were produced using the R language and environment for statistical 

computing (R Development Core Team 2011) and several contributed packages (Hothorn et 

al. 2008; Dray et al. 2009; Simpson 2009; Wickham 2009; Roberts 2010; Borcard et al. 

2011a; Fox & Weisberg 2011; Oksanen et al. 2011; Pinheiro et al. 2011). The number of 

permutations used in db-RDA, co-correspondence analysis and PERMANOVA was set to 

1000. 

Results 

Vegetation composition between landforms 
We sampled a total of 419 quadrats. Of  these, 216 (51.6%) were classified as open moorland, 

45 (10.7%) as eroding areas, and 48 (11.5%) as gullies. These are the principal landforms that 

constitute the blanket peatland in the Trout Beck catchment; the remaining 110 quadrats were 

classified as grassland or anthropogenically-modified, and were therefore not included in this 

study. The three landforms were characterised by distinctive combinations of plant functional 

types (Figure 3). Eroding areas were characterised by patches of Calluna vulgaris and 

tussocks of Eriophorum vaginatum, with smaller amounts of Empetrum nigrum, Eriophorum 

angustifolium, with Hypnum, Polytrichum and Sphagnum mosses. Gullies had a greater 

coverage of Eriophorum vaginatum, with occasional Calluna vulgaris, Deschampsia flexuosa 

and Eriophorum angustifolium, with a rich understorey of Polytrichum and Sphagnum 

mosses. Open moorland plots were dominated by Calluna vulgaris, intersperced with 

Eriophorum vaginatum and Empetrum nigrum, with Hypnum, Pleurozium and Sphagnum 

mosses in the understorey. The total vegetation cover in the open moorland and gully 
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landforms was significantly higher than in eroding areas (P < 0.01, F 2, 306 = 56.09, Figure 4a). 

Species richness ranged between 1 and 21 and was also significantly higher on open moorland 

and in gullies than on eroding areas (P < 0.01, F 2, 306 = 6.33, Figure 4b). There was, however, 

no difference in evenness (Shannon’s H) between landforms. PERMANOVA indicated 

significant differences in plant community composition between the three landforms, with 

19% of the variance in plant community composition explained by the a-priori landform 

groupings (P < 0.01, F 2, 306 = 35.67). 

 

Figure 3: Landform plant community composition, measured by landform survey and 

expressed as the cover of plant functional types. Bars represent means and error bars represent 

one standard error of the mean. 
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Figure 4: Mean cover (left) and mean species richness (right) of all plant functional types, 

determined for each landform by landform survey. Error bars represent 1 standard error of the 

mean. 
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Figure 5: Box and whisker plots representing the ranges of peat pH and C:N measured across 

all depths within the peat cores sampled for soil microbial communities. 

Microbial community 

PLFA data 
PLFAs were within the limits defined by the quality control soil. The results of the ANOVAs 

performed to determine differences in microbial community structure between landforms and 

depths are shown in Table 3 and the concentrations of PLFAs in each landform shown in 

Figure 6. PLFAs differed significantly between landforms, with the exception of the 

fungal:bacterial ratio (Table 3). The concentration of total PLFAs was significantly lower in 

eroding areas than in open moorland and gullies (P < 0.01, F 2, 30 = 6.23), the latter of which 

exhibited the highest total PLFA concentrations. Bacterial PLFAs showed a similar pattern: 
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gullies had the highest abundance of bacterial PLFAs (231.67 ± 41.35 nmol g-1) (P < 0.01, F 2, 

30 = 6.36), with the exception of the actinobacterial PLFAs, which demonstrated slightly 

higher concentrations in open moorland compared to the other landforms (P < 0.01, F 2, 30 = 

8.21). The fungal PLFA 18:2ω6,9 was also present in significantly lower concentrations in 

eroding areas (P = 0.03, F 2, 30 = 4.01), and was present in highest concentrations in open 

moorland, although this was not significant. The ratio of fungi to bacteria was lower in gullies 

than the other two landforms, but not significantly so (P = 0.39, F 2, 30 = 0.96), while the ratio 

of gram-positive to gram-negative bacteria was significantly greater in gullies and open 

moorland (P = 0.01, F 2, 30 = 4.86). The overall trend throughout all the PLFA data was for 

greater abundances of PLFAs in gullies and open moorland. 

 

 PLFAs differed significantly between depths (Table 3). The overall trend across all PLFA 

data was for declining abundance of PLFAs from the acrotelm to the catotelm – differences 

between all depths were highly significant. There was no significant difference in the ratio of 

fungi to bacteria between the acrotelm and mesotelm, but the ratio was significantly higher in 

the deeper catotelm (P < 0.01, F 2, 57 = 27.28). The ratio of gram-positive to gram-negative 

bacteria demonstrated a very similar pattern, with a significantly higher ratio in the catotelm 

(P < 0.01, F 2, 57 = 37.20). There was no evidence of significant interactions between 

landforms and depths. 

Community 
Landform Depth Landform × Depth 

F (2, 30) P F (2, 57) P F (4, 57) P 

Total PLFA 6.231 0.006 135.443 <.0001 1.254 0.299 

Bacteria 6.364 0.005 140.703 <.0001 1.103 0.364 

Fungi 4.007 0.029 32.441 <.0001 1.439 0.233 

Actinobacteria 8.205 0.001 47.717 <.0001 0.939 0.448 

Gram-positive bacteria 8.023 0.002 94.395 <.0001 1.406 0.244 

Gram-negative bacteria 4.856 0.015 159.407 <.0001 0.850 0.500 

Fungal : bacterial 0.961 0.394 27.283 <.0001 0.656 0.625 

Gram positive: gram negative 5.160 0.012 37.201 <.0001 1.650 0.174 

Table 3: Results of ANOVA to determine differences in soil microbial community structure 

(measured by PLFAs) between landforms and depths   
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Figure 6: Soil microbial community composition for peatland landforms (measured by 

PLFA). Bars represent landform means of microbial groups, across all depths. Error bars 

represent one standard error of the mean.  
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Figure 7: Soil microbial community composition between depths, across peatland landforms 

(measured by PLFA). Bars represent depth means of microbial groups, across all landforms. 

Error bars represent one standard error of the mean.  
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To investigate the explanatory power of abiotic and biological variables related to the PLFA 

data (hypothesis 3), a distance-based redundancy analysis was performed (Table 5). The 

model was significant (F (10, 41) = 1.98, P = < 0.01), with an adjusted R2 of 0.16. Variance 

partitioning indicated that 95% of the modelled variation in the microbial community – 

represented by the PLFA data – was explained by the combination of abiotic variables (C : N, 

pH, water content, peat depth). Of these, pH and C : N were determined to be significant by 

forward selection. 

 

Community Proportion of variance explained by 

Biotic Abiotic Biotic + abiotic 

PLFA -0.024 0.152 0.161 

M-TRFLP 

Bacteria 0.022 0.141 0.113 

Fungi 0.015 0.137 0.104 

Archaea 0.039 0.1 0.134 

Table 4: Results of variance partitioning carried out on PLFA and M-TRFLP data, to 

determine the proportions of variance explained by biotic and abiotic drivers, respectively 

 

A co-correspondence analysis of the plant community and PLFA community data produced 

an axis 1 cross-validatory fit of -7.61%, indicating a random correspondence between the 

plant community and PLFA data, thereby demonstrating that the composition of the 

vegetation community could not be used to predict the microbial community composition.  

TRFLP data 
Further noise filtering in T-REX, based on the threshold of 5% occurrence across all samples 

for rare TRFs, removed 22.3% of the remaining peaks. The mean frequencies of TRFs 

identified across landforms and depths are shown in Figure 8. The ITS primers used for 

describing the fungal community failed to amplify correctly for the acrotelm and mesotelm 

depth samples, so we were forced to abandon statistical testing for differences in the fungal 

communities between depths using this method. We applied PERMANOVA to the bacterial, 
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fungal, and archaeal community composition data (Table 4), to test for differences in 

community structure between landforms and depths (hypothesis 1). Significant differences in 

the bacterial and archaeal communities between landforms and depths confirmed hypothesis 

1. There was also evidence of a highly significant interaction between landform and depth in 

the archaeal community. 

 

Figure 8: Mean frequencies of TRFs (as measured by M-TRFLP) for each combination of 

community (columns), depths (rows) and landforms (bars: brown = eroding areas; green = 

gullies; purple = open moorland). Note the very low frequencies of fungal TRFs extracted for 

samples in the acrotelm and mesotelm, indicating unsuccessful PCR amplifications. 
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Community 
Landform Depth Landform × Depth 

R2 F (2, 84) P R2 F (2, 84) P R2 F (4, 84) P 

Bacteria 0.03 1.5 0.05 0.2 12.3 0.04 0.05 1.3 0.08 

Fungi 0.1 1.5 0.14 No test No test 

Archaea 0.08 4.9 <0.001 0.18 11.2 <0.001 0.07 2.14 <0.001 

Table 5: Results of PERMANOVA to determine differences in soil microbial community 

composition (measured by M-TRFLP) between landforms and depths 

 

We performed distance-based redundancy analyses on the bacterial, fungal and archaeal 

communities, to determine the relative influence of biological and abiotic variables on the 

structure of each of the three communities (hypothesis 2). The results of these analyses are 

presented in Table 5. Fungal community data from the acrotelm and catotelm were excluded 

from the analysis, due to the unsuccessful PCR amplification of these samples. Of the 

resulting distance-based redundancy analyses, the models constructed from a combination of 

biological and abiotic variables with bacteria and archaea as response communities were both 

significant. Variance partitioning showed that most of the variation in both the bacterial and 

archaeal communities was explained by abiotic variables. The most significant variables for 

explaining the variation in the bacterial community were C : N and pH, while in the case of 

the archaeal community,  pH, C : N and the amount of bare ground within the plot explained 

significant elements of the variation. 

 

To determine whether the plant community structure data could be used to predict the 

microbial community, as measured by TRFLP (hypothesis 2), we performed co-

correspondence analysis, as described above. The axis 1 cross-validatory fits were -0.99% and 

-4.47% for the bacterial and archaeal communities respectively, indicating no significant 

utility in using the structure of the plant community to predict the bacterial or archaeal 

communities, and leading us to partially reject hypothesis 2. The analysis could not be 

performed on the fungal data due to the unsuccessful PCR amplification of acrotelm samples 

already cited above. 
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Discussion 

Peatland landform characteristics at the landscape scale 
The results of our survey confirmed that each of the landforms, which we identified a-priori 

based on their plant communities and context within the landscape, was characterised by a 

statistically distinct plant community. The distinctive vegetation composition apparent in each 

of these landforms is likely to be driven by a combination of abiotic factors, including water 

table height and nutrient status, which themselves are driven in part by the underlying 

topography of the peatland. The marked differences in plant community composition in the 

peatland landforms we selected provided an appropriate environment in which to test the 

capacity of the plant community for prediction of the soil microbial community. 

Differences in microbial community composition between landforms 
When PERMANOVA was applied to the M-TRFLP microbial community composition data, 

landform class was a significant, but weak, predictor of both the bacterial and archaeal 

communities, confirming hypothesis 1 (Table 4). Little work has been carried out on the 

landscape-scale variation in microbial communities in peatlands at this scale, but a similar 

study by Mitchell et al. (2010) also found landscape-scale variation in microbial communities, 

which was strongly correlated to vegetation cover. They proposed that vegetation cover can 

act as a long-term integrative proxy for the belowground abiotic properties that drive 

microbial communities, such as pH, nutrient status, and water table height. Although, in this 

case, plant community composition did not show any utility for predicting the composition of 

the soil microbial community (as tested by co-correspondence analysis), there were strong 

differences in microbial communities between landforms, which incorporate both plant 

community composition and abiotic factors. 

 

The breakdown of the microbial community into broad classes, determined by PLFAs, 

indicates some strong landscape-scale patterns (Figure 7). The vegetated landforms – gullies 

and open moorland – are characterised by higher total concentrations of PLFAs than the 

eroding areas, highlighting the importance of plant cover in providing labile substrate for 
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microbial activity. In eroding areas, labile substrate inputs via plant litter and root exudates are 

severely constrained, causing the C : N ratio to rise (Figure 5b) as accessible nutrients are 

depleted, resulting in a more nutrient-limited environment for microbes. There was also a 

higher fungal : bacterial ratio in eroding areas, which could suggest that the microbial 

community in eroding areas was biased towards fungi, however this result was not significant. 

The lower availability of labile substrate selects for microbes with a greater ability to attack 

recalcitrant soil organic matter, leading to a bias towards the more conservative, fungal-based 

energy channel (Bardgett & Wardle 2010). In contrast, gullies and open moorland are 

characterised by higher concentrations of bacteria. It is likely that this is a reflection of the 

greater inputs, as litter and rhizoexudates, from the aboveground communities in these 

landforms, meeting the demands of the bacterial energy channel (Bardgett & Wardle 2010). 

Along with the greater abundance of graminoids, which produce litter of higher quality, the 

landscape context of gullies, as interceptors of runoff and associated flows of nutrients, likely 

contributes to the richness of their soil microbial communities. 

Differences in microbial communities between depths 
Application of PERMANOVA to the bacterial and archaeal communities represented by the 

M-TRFLP data highlighted depth as a strong control on these microbial communities, 

accounting for 20% and 18% of the variance in community composition, respectively (Table 

4). This effect is consistent with previous work indicating marked differences in community 

structure with depth in soil properties (Fierer et al. 2003; Artz 2009). Our PLFA data (Figure 

6) shows reductions in all compartments of the microbial biomass with increasing depth, a 

trend that is well-documented in other studies of peatland soil microbial communities (Blume 

et al. 2002; Trinder et al. 2008; Artz 2009). There are likely to be two factors controlling this: 

the position of the water table and the physical disconnection from labile nutrient inputs. The 

acrotelm and, to some extent, mesotelm, represent the rooting zone for most peatland plants – 

availability of labile nutrients from rhizoexudates and plant litter is greater in this zone, which 

has a positive feedback on the size of the soil microbial communities and the rates of C 

turnover (Artz 2009). There are also fewer energetic constraints on decomposition in the 
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aerobic zones: O2 is readily available as an electron donor, with the result that less 

specialisation is required by the soil microbial community. 

 

The fungal:bacterial ratio in the catotelm was higher than in the acro- or mesotelm. Although 

this finding, at first, appears to contradict the commonly-held notion that fungi are more 

numerous in the upper layers of the peat profile (Artz 2009), the origin of this particular result 

may be increased quantities of yeasts or dimorphic fungi at greater depths, although 

sequencing of the fungal community would be required to test this idea. The lower 

fungal:bacterial ratios in the acrotelm and mesotelm suggest greater abundance of bacteria. 

This pattern is likely to be driven by a decline in resource quality, due in part to the 

disconnection from the plant roots closer to the peat surface and therefore the source of labile 

nutrients in the form of root exudates, and also partly due to more complete decomposition of 

organic matter in the deeper peat. We observed similar patterns in our PLFA data to Blume et 

al. (2002) and Fierer et al. (2003); the ratio of gram-positive to gram-negative bacteria was 

significantly higher in the catotelm than in the acrotelm and mesotelm. One explanation for 

this is that the presence of methanotrophs – aerobic gram-negative CH4 oxidisers (Kip et al. 

2012) – in the acrotelm and mesotelm weights the ratio of gram-positive to gram-negative 

bacteria towards the gram-negative. Gram-negative methanotrophs are less likely to occur in 

the anaerobic zone. This may also help to explain the significant interaction between landform 

and depth observed in the archaeal community composition in the M-TRFLP data. 

Methanogenic archaea are a prominent microbial community in peatlands, thriving in the 

anaerobic conditions below the water table, but less numerous in the aerobic zones. 

Differences in the level of the water table between landforms, as indicated by McNamara et 

al. (2008), are likely to be reflected in the vertical distribution of methanogenic archaea (Artz 

2009), and this is apparent from our analysis of archaeal community structure between 

landforms and depths. 

Landscape-scale controls on microbial community structure 
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The strongest controls on the microbial communities across all depths and landforms, 

measured by both PLFA and M-TRFLP, were pH and C : N, as indicated by db-RDA (Table 

4). This finding adds support for hypothesis 2 and is consistent with work demonstrating the 

influence of soil chemical properties on microbial community structure. Fierer et al. (2009) 

found that, at a global scale, pH explained the most variation in soil microbial communities, 

and that variation due to pH was greater within biomes, than between biomes, resulting in 

spatial structure distinct from that represented exclusively by the plant community – a result 

echoed by our study. A number of mechanisms have been cited for the positive correlation 

between C : N and fungal : bacterial ratios. The C : N ratio may impose a direct constraint on 

the soil microbial community owing to the different stoichiometric demands of the fungal and 

bacterial energy channels (De Deyn et al. 2008; Bardgett & Wardle 2010). Alternatively, C : 

N ratios may serve as a proxy for the combined effects of multiple drivers, including pH and 

the quantity and quality of organic matter inputs from plant litter and root exudates (Fierer et 

al. 2009). We can infer from our results that pH and C : N are likely to be determinants of soil 

microbial community across contrasting peatland landforms at our study site, but that these 

may vary seasonally in response to changes in the position of the water table. 

Plant community cannot be used to predict microbial community structure 
Primary production is the principle source of nutrient inputs, via plant litter and rhizoexudates, 

in peatland ecosystems, so evidence of linkages between the plant and soil microbial 

community would be a reasonable expectation (Artz 2009). Co-correspondence analysis of the 

plant and microbial communities did not, however, indicate any capacity in the plant 

community for prediction of microbial community structure, leading us to reject our 

hypothesis. This contrasts the work of Mitchell et al. (2010), who used co-correspondence 

analysis and plant community succession to explain between 7.5 and 28% of the variation in 

the soil microbial community. The discrepancy between our results and those of Mitchell et 

al. (2010), despite the similarity of approaches, may be due to the length of the gradient 

represented by differences in the respective plant communities, or competing influences from 

abiotic variables belowground. The differences in vegetation composition between landforms 
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in this study may be less defined than those encompassed by the chronosequence in Mitchell 

et al. (2010). Belowground differences between study sites may also play a part, with the 

dilution effect of ancient DNA less likely to be a factor in Mitchell et al.'s (2010) podzolic 

study soil than in peat. Artz et al. (2007) identified an ectomycorrhizal fungal sequence in a 

cutover peatland that had not been populated with suitable tree hosts for at least 50 years, 

highlighting the potential for the confounding influence of remnant DNA in this study. 

Bardgett & Wardle (2010) noted that the effects of plant species identity on the soil 

community are only likely to be strong when the soil biota are subject to bottom-up drivers: 

soil organic matter quantity and quality. Soil microbial communities in peatlands are subject 

to a wide range of pressures linked to abiotic conditions, particularly the availability of O2 in 

peat and quality nutrients. The influence of the plant community on the soil microbial 

community is likely to be confounded and diluted by the strong abiotic controls on the 

microbial community. It is possible that, by measuring the soil microbial community from the 

top 5 cm of the peat, we took an integrated sample of the soil microbial community likely to 

be affected by micro-site variation in abiotic conditions within the peat column, the effects of 

which exceeded those of the plant community. The same may be said of the plant community 

survey; the 2 m2 plots were quite large, and may have encompassed substantial small-scale 

variation in the plant community over distances that were not relevant to the soil microbial 

community sampled at a single point, in the centre of the plot. An alternative explanation for 

the apparent lack of co-correspondence between plant and soil microbial communities is that 

our surveys – aboveground and belowground – were not sufficiently sensitive to encompass 

the variation in one, or both, of the communities. 

Conclusions 
Our study aimed to characterise three principal landforms on a UK blanket peatland in terms 

of their plant and soil microbial communities, in addition to abiotic drivers of the soil 

microbial community, at the landscape scale. We found that, while microbial communities did 

vary between landforms, there were stronger differences between depths, a finding in common 

with many other studies of peatland soil microbial communities. In the case of archaeal 
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community structure, we postulated that a significant interaction between landform and depth 

was a function of differences in the height of the water table between landforms and the 

presence of methanogenic archaea at corresponding vertical niches within the peat profile. 

The abiotic variables pH and C : N were strongly correlated with soil microbial community 

structure across all landforms, leading us to conclude that variation in microbial community 

composition across landforms was related primarily to peat chemistry. This study has shown 

that, while the plant communities at our study site did not explain variation in the soil 

microbial community when considered in isolation, peatland landforms – incorporating plant 

community composition and abiotic factors – did explain variation in soil microbial 

communities at the landscape scale. We suggest that distinctive landforms can serve as useful 

integrative proxies of the key determinants of soil microbial communities, including plant 

community composition and peat chemistry, at a scale that is appropriate for incorporation 

into wider landscape-scale models of biogeochemical cycling. 
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Abstract 

Peatlands are globally-significant sinks for carbon, having exerted a cooling influence over 

the climate of the Holocene. However, their influence on the climate of the Anthropocene is 

uncertain. Peatland greenhouse gas fluxes may constitute a significant positive feedback to 

climate change, but estimates of their magnitude are hampered by high spatial and temporal 

variability. Predictions of peatland global warming potential require better mechanistic 

understanding of the role of variation in peatland plant and microbial diversity as determinants 

of peatland greenhouse gas fluxes. In this study, we measured CO2, CH4 and N2O fluxes, 

vegetation composition and microbial community structure across three ecologically and 

hydrologically distinct landforms at a blanket peatland in the north Pennines, England. 

Eroding areas and gullies were persistent sources of CO2 and CH4 over the course of a year 

and had positive global warming potentials during winter. Shrub and graminoid cover were 

positively associated with CO2 release, while cover of Sphagnum moss was positively 

associated with CH4 release. Release of CO2 was positively associated with the fungal to 

bacterial ratio, as measured by PLFA, in surface peat. We have shown that the global warming 

potentials of eroded blanket peatland landforms are greater than those of gullies or intact 

peatland – a vital consideration for predictions of peatland feedbacks to climate change 

through the carbon cycle. 

 

Keywords: carbon, greenhouse gas fluxes, global warming potential, net ecosystem exchange, 

plant ecology, microbial ecology, ecosystem function, peatland 
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Introduction 
Peatlands are of global importance for carbon (C) cycling because they hold more C per unit 

area than any other ecosystem on just three per cent of the Earth’s surface (Dise 2009). 

Throughout the Holocene, peatlands acted as slow sinks for CO2 due to the imbalance 

between primary productivity and ecosystem respiration (Smith et al. 2004). This vast 

peatland C stock is vulnerable to changes in climate (Yu et al. 2011), which are likely to be 

most pronounced in high northern latitudes where peatlands are most concentrated (IPCC 

2007). The peatland C balance is sensitive to temperature and moisture fluctuations that 

disrupt the prevailing cold, wet conditions under which the majority of peatlands were 

formed. Peatlands may respond to global changes through their greenhouse gas fluxes, with 

higher temperatures expected to enhance mineralisation of old C stored over millennia, 

thereby increasing the vulnerability of peatland C stocks and reducing their ability to act as a 

buffer to climate change (Dise & Phoenix 2011). 

 

Of the abiotic factors controlling peatland greenhouse gas fluxes, climate and the position of 

the water table below the peat surface are of particular importance. Temperature is important 

as an energetic constraint on soil microbial communities responsible for greenhouse gas 

production and conversion. The ability of peatlands to act as C sinks declines during warmer, 

drier conditions, as photosynthesis is reduced and respiration enhanced (Aurela et al. 2009; 

Chivers et al. 2009), although the degree to which these variables act on peatland functioning 

can vary depending on the severity of the change. Water table position plays a central role in 

determining the balance of greenhouse gas fluxes from peatlands by controlling oxygen 

availability. Laine, et al (2007) found that the strongest control on peatland CO2 fluxes was 

the position of the water table; higher CO2 fluxes are associated with lower water table 

positions because the volume of the aerobic zone is greater, thereby increasing oxygen 

availability for heterotrophic decomposition and hydrolytic enzyme activity (Freeman et al. 

2001; Bubier et al. 2003). Water table position is of particular importance to CH4 fluxes 

because it determines the balance of production and oxidation (Smith et al. 2003). For 
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example, mean water table depth explained as much as 65% of the variation in CH4 fluxes in 

Canadian peatlands (Bubier et al. 1993) and 79% in a Scottish wetland (Smith et al. 2003), 

with higher water tables resulting in greater production. 

 

Peatland N2O fluxes have been shown to respond primarily to changes in soil moisture 

availability (Freeman et al. 1993; Dowrick et al. 1999; Teh et al. 2011), and peak immediately 

following winter conditions, suggesting that they are associated with flushing of water and 

nutrients following freeze-thaw events (Tauchnitz et al. 2008; Pihlatie et al. 2010; Danevčič et 

al. 2010; Berglund & Berglund 2011). However, as many peatlands are characterised by low 

N availability, with C:N ratios often around 30 or higher (e.g. Ward et al. 2007), N2O fluxes 

are often small (Lohila et al. 2010) or negative, indicating ecosystem uptake (Dinsmore et al. 

2009a). The availability of organic C is also known to be a driver of N2O fluxes, interacting 

with soil moisture to influence the response of fluxes to drought at nutrient-poor sites 

(Freeman et al.1997; Dorwick et al. 1999). Warm, dry conditions may produce a net release 

of CO2 (Moore et al. 2002), the corresponding drop in water table position increasing the 

volume of aerobic peat available for CH4 oxidation, thereby limiting the amount of CH4 

released to the atmosphere. Ultimately, plants and microbes are the biological sources and 

sinks of ecosystem greenhouse gas fluxes – therefore the composition of plants and soil 

microbial communities is of key importance for ecosystem functioning in peatlands (De Deyn 

et al. 2008). 

 

The concept of plant functional type – defined as a grouping of species interacting with 

environmental conditions and ecosystem functions in similar ways (Walker 1992; Diaz & 

Cabido 1997) – is of relevance to ecosystem C cycling because plant functional types 

represent groupings of species with similar functional traits, which influence the quantity and 

quality of soil organic matter inputs into the ecosystem (De Deyn et al. 2008). Laine et al. 

(2012) found that the composition of plant functional types was an important control of net 

ecosystem exchange. Ward et al. (2010) found that species identity influenced litter 
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decomposition rates. In peatlands, plant functional types are often characterised by growth 

form, and the way in which each type contributes to greenhouse gas exchange. Ericoid shrubs 

are characterised by tissues with high phenolic content and shallow roots with mycorrhizal 

associations, and are recalcitrant to decomposition, whereas graminoids generally have higher 

tissue N content and are less resistant to decomposition (Ward et al. 2009). Common peatland 

graminoids, such as Eriophorum species, have aerenchama and deep roots, which act as 

conduits for O2 and CH4 in waterlogged areas and are therefore considered important in the 

regulation of CH4 fluxes (Greenup et al. 2000; Marinier et al. 2004). Bryophytes, including 

Sphagnum species and feathermosses such as Hypnum and Pleurozium species, are 

recalcitrant and act as the main peat-forming functional group, decomposing more slowly than 

most vascular plants and also performing an important structural role in helping to maintain 

high water table positions in peatlands through the capillary action of their tissues (Lindo & 

Gonzalez 2010). Gradients of nutrient availability and water table position often lead to 

distinctive patchy aggregations of plant functional groups in peatlands, resulting in patterning 

of landforms with distinct ecology and hydrology. 

 

Soil microbial communities are responsible for the decomposition of organic material 

(Bardgett 2005) and the majority of greenhouse gas fluxes from peatlands through 

heterotrophic respiration (Artz 2009). Plant community composition is one of the key 

determinants of the soil microbial community, and therefore ecosystem function: ecosystems 

characterised by a high proportion of recalcitrant litter inputs tend to favour a the growth of 

fungi over bacteria, and more conservative biogeochemical cycling (De Deyn et al. 2008). 

The presence of certain species, such as Eriophorum, has been shown to exert a strong 

influence on the character and functioning of the soil microbial community in tundra 

ecosystems (Ström et al. 2012), and microbial communities that have a key role in mediating 

the vulnerability of peatland C stores have been shown to respond to plant succession (Artz et 

al. 2008). Plant functional types represent aggregations of traits, such as litter C:N ratio and 

the quantity and quality of root exudates, which all combine to influence the composition of 
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soil microbial communities (De Deyn et al. 2008; Orwin et al. 2010; de Vries et al. 2012). 

Thus, climate-related shifts in vegetation patterns may lead to changes in the structure and 

functioning of soil microbial communities (Bardgett & Wardle 2010), coincident with 

changes in abiotic conditions that could increase the vulnerability of C stocks to 

mineralisation. 

 

Changes to the balance of greenhouse gases emitted from peatlands could alter the global 

warming potential of these ecosystems and the strength of the positive feedback between them 

and the climate (Solomon et al. 2007). Peatlands are recognised as highly heterogeneous 

ecosystems, which are subject to marked variation in plant community composition and 

abiotic factors such as nutrient status and water table position over short distances, typically in 

the order of metres (Baird et al. 2009). Peatland greenhouse gas fluxes exhibit high spatial 

variation at a range of scales. Schneider et al. (2011) found clear differences in CO2 fluxes 

between microforms in close proximity: hummocks acted as sources of CO2 while hollows 

were sinks. Pronounced local-scale variation in CH4 fluxes has also been observed by many 

(Bubier et al. 1993, 1995a; Waddington & Roulet 1996; Minkkinen & Laine 2006; 

McNamara et al. 2008; Dinsmore et al. 2009b). Local-scale variability in peatland greenhouse 

gas fluxes occurs as a result of the patchy distribution of plant communities, which influence 

C cycling over local scales through their effects on organic matter and nutrient availability and 

abiotic conditions (McNamara et al. 2008). It has long been recognised that failing to account 

for the resulting small-scale heterogeneity in greenhouse gas fluxes from peatland landforms 

can result in large errors when estimating the overall global warming potential of the 

ecosystem (Waddington & Roulet 1996; Baird et al. 2009). 

 

Ecologically and hydrologically distinct peatland landforms integrate several factors that are 

known to play an important role in controlling greenhouse gas fluxes. Accounting for peatland 

heterogeneity – both biotic and abiotic – in models of biogeochemical cycling constitutes a 

major challenge. Characterising spatio-temporal heterogeneity in the fluxes of greenhouse 
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gases and their drivers, at appropriate spatial scales, is a priority if we are to improve our 

estimates of the responses of peatlands to global change. The most important drivers of 

peatland greenhouse gas fluxes are water table depth and plant community composition, 

which determine the availability of O2 in the peat column, and the quality of soil organic 

matter inputs into peat, respectively. In order to address the need for spatio-temporal 

characterisation of peatland greenhouse gas fluxes, we selected landforms that represent 

distinctive plant communities and water table regimes: eroding areas and gullies are 

characterised by high water tables, graminoid and – in the case of gullies – Sphagnum cover. 

Open moorland, on the other hand, is dominated by ericoid shrubs. The C:N ratios of the 

dominant plant species in each landform vary, with graminoid species representing relatively 

high-quality litter inputs compared to shrubs (Ward 2004). The rooting depths of the plant 

functional types dominant in each landform are known to vary; in open moorland shallow-

rooting shrubs dominate (Gimingham 1960), supplying rhizoexudates to the upper layers, 

while in eroding areas and gullies nutrient inputs via rhizoexudates are supplied to deeper 

levels by deep-rooting graminoid species (Chapin et al. 1979). 

 

The aims of this study were to determine the nature of differences in greenhouse gas fluxes 

between the three peatland landforms (described above and previously in Paper 1, ibid.), and 

explain variation in greenhouse gas fluxes between landforms by identifying significant 

correlations with driving variables, including abiotic controls (temperature, water table depth) 

and biotic controls (plant community composition, soil microbial community composition). 

To do this, greenhouse gas fluxes were measured over 12 months and a detailed survey of 

plant community composition and soil microbial structure was made. We used ANOVA and 

multiple regression to determine differences between landforms, and associations between 

greenhouse gas fluxes and potential drivers. 

Methods 

Study site 
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Fieldwork was carried out between May 2010 and June 2011, on an area of ombrogenous 

blanket peatland located in the north of England. The study area was the Trout Beck 

catchment, a 1146 ha watershed within the Moor House National Nature Reserve, in the North 

Pennines, UK (54 ° 65 ′ N, 2 ° 45 ′ W). The mean annual temperature is 5.8 °C and annual 

rainfall is 2048 mm (Environmental Change Network 2012). The study area is characterised 

by a patchy distribution of three principal landforms (see Paper 1, ibid. for a detailed 

description of the plant community composition of each landform): (1) Open moorland, which 

is mostly classified as National Vegetation Community (NVC) M19b, Calluna vulgaris – 

Eriophorum vaginatum blanket mire (Empetrum nigrum ssp. nigrum sub-community), in 

which ericoid shrubs are dominant; (2) Gullies, which follow dendritic patterns and incise the 

open moorland, acting as drainage channels (McNamara et al. 2008). The gully vegetation 

community is similar to NVC M17c, Scirpus cespitosus – Eriophorum vaginatum blanket 

mire (Juncus squarrosus – Rhytidiadelphus loreus sub-community) and the dominant plant 

functional types are graminoids and bryophytes. (3) Eroding areas, which are similar to gullies 

in their morphology, consisting mainly of bare peat but are occasionally populated with 

graminoids, principally Eriophorum angustifolium. 

 

A preliminary survey of the area of blanket peatland including our study site (see Paper 1, 

ibid.) indicated a gradient of peat depth from south to north. To ensure that the full range of 

peat depths was included in our sampling, we divided peat depth into three classes (< 1 metre, 

1-2 metres, 2-3 metres), and determined spatial coordinates for potential plot locations using a 

random point generation procedure in Hawth’s Analysis Tools for ArcGIS (‘rndpnts’, Beyer 

2004). The correct number of plots to ensure a fully factorial design was then randomly 

selected from subsets incorporating the combination of landforms and depths (‘rndselss’ in 

Hawth’s Analysis Tools for ArcGIS, Beyer 2004). A fully factorial experimental design was 

used with a total of 36 plots (3 peat depth classes x 3 landforms x 4 replicates) to ensure a 

representative sampling of greenhouse gas fluxes encompassing all combinations of 

landforms and peat depths at the study site (figure 1). 
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Figure 1: Map showing the locations of greenhouse gas flux measurement plots used 

throughout the study. A gradient of increasing peat depth runs from south to north across the 

study site. The landforms used in this study are clearly visible: eroding areas appear as dark 

areas between gullies, which are lightest, and open moorland, which is of medium hue and has 

a grainy appearance resulting from microtopography. 

Vegetation survey 
We surveyed the vegetation on each of the 36 plots in June 2011, using a 1 m2 quadrat, 

recording species presence, percentage cover (nearest 5%), and vegetation height. Following 

the survey, the above-ground biomass in the fixed base ring was harvested, separated into 

functional types (bryophyte, graminoid and shrub), and the wet and dry weights obtained. 

Soil microbial community and other soil properties 
Soil microbial community structure was measured using phospholipid fatty acid (PLFA) 

analysis in peat taken from half the plots in July and November 2010. Our sampling was 

restricted to half the plots due to limitations on the volume of analyses that could be 

completed in the time available. The top 50 cm of the peat from each of the 18 selected plots 
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was sampled using an Eijkelkamp Agrisearch Equipment Peat Sampler (Eijkelkamp, 

Giesbeek, The Netherlands) and sealed in airtight plastic bags in the field. We targeted three 

depths for PLFA analyses: acrotelm (0-5 cm), mesotelm (15-20 cm) and catotelm (45-50 cm). 

This division was based on mean water table depths for the Trout Beck catchment, collated 

from published and unpublished data (Ward et al. 2007; McNamara et al. 2008; Talbot 2008; 

Ward 2010). Peat samples were first sub-divided into 5 cm vertical increments, and then 

further divided for PLFA, physical and chemical analyses as soon as possible following 

collection. Samples for PLFA analyses were frozen at -20 °C, freeze-dried and homogenised 

by mixing prior to analysis. Peat samples of a known volume were sampled, weighed and 

freeze-dried to calculate bulk density and gravimetric water content. Total C and N contents 

of peat were determined using a LECO Truspec CN analyser (LECO Instrument (UK) Ltd., 

Stockport). pH was measured using a ratio of 1:2.5 fresh peat at room temperature to 

deionised water, and a Hanna 211 pH meter (Hanna Instruments Ltd., Leighton Buzzard, 

Bedfordshire, UK) with a two-point calibration, as detailed in Emmett et al. (2008). 

 

PLFAs were extracted from freeze-dried bulk peat, according to the methods outlined by 

Frostegård et al. (1991), which are based on those of White et al. (1979), modified from Bligh 

& Dyer (1959). Individual PLFA concentrations were determined by gas chromatography 

(GC), assigned based on comparison of retention times with known standards, and quality-

controlled by comparison with a reference soil. Classification of PLFAs was carried out 

according to Frostegård et al. (1996) and Zogg et al. (1997): see Table 1, Paper 1, ibid. Only 

PLFAs classified as belonging to bacteria, actinobacteria or fungi were used in analyses. All 

PLFA analyses were carried out by Macaulay Scientific Consulting Ltd., Aberdeen 

(http://www.macaulayanalytical.com/) and covered by the ISO17025 standard. 

Greenhouse gas fluxes 
All greenhouse gas flux measurements were made using a standard static-chamber method 

with fixed base rings, based on the methods of Ward et al. (2007), using chambers modified 

for attachment to Infra-Red Gas Analysers (IRGA) (EGM4, PP Systems International, Inc., 

http://www.macaulayanalytical.com/�


55 
 

Amesbury, MA, USA). All chambers had a diameter of 30 cm and a capacity of 19 litres. 

Chambers for net ecosystem respiration and CH4 measurement were made opaque by covering 

with multiple layers of reflective foil. The chamber closure period for all measurements made 

using the IRGA method was 124 seconds.  Net and respiratory CO2 fluxes were measured 

with transparent and opaque chambers respectively. Gross primary productivity was 

calculated as the difference between net ecosystem respiration and net ecosystem exchange, 

checked for positive values, and then added back to net ecosystem respiration to give 

corrected net ecosystem exchange. 

 

CH4 and N2O fluxes were measured using opaque chambers, from which four gas samples 

were taken using a gas syringe and injected into 3.5 ml evacuated vials (Exetainer, Labco) at 

intervals over a 30 minute closure period. Both transparent and opaque chambers were fitted 

with a Tedlar bag, allowed to inflate or deflate to compensate for pressure changes in the 

chamber over the closure period. Samples were analysed for CO2, CH4 and N2O concentration 

using a trace GC fitted with a methaniser, Flame Ionisation and Electron Capture Detector 

(Autosystem XL, Perkin Elmer). 

 

Gas fluxes were calculated using the slope of the linear regression of gas concentrations over 

the measured period, according to methods detailed in Holland et al. (1999). CO2 

measurements that deviated sharply from the linear trend (R2 < 0.9) and negative fluxes of 

CO2 from the opaque chambers (indicating leakage) were discarded, and all other CO2 

measurements examined for the dampening effects of increasing chamber concentrations, 

corrected where appropriate (see Heinemeyer & McNamara 2011). Net ecosystem respiration 

and net ecosystem exchange were calculated in the same way using IRGA data. Where the 

CO2 data from vials indicated contamination arising from ambient air entering the chamber or 

vial, CH4 data were also discarded. We found that 65% of our N2O measurements were below 

the detection limit of the GC, as determined using the Minimum Determinable Concentration 

Difference (MDCD) method (Anthony et al. 1995). As a result of the limitations this imposed 
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for statistical analysis, we did not perform any further analysis of N2O flux data and they are 

not included in this paper. 

 

Air temperature, soil temperature and water table depth were measured using automated 

loggers on half the plots (WT-HR 1000, TruTrack, New Zealand) and validated against 

manual measurements. We made use of meteorological data from a weather station 

approximately 500 m away from our study site, provided and maintained by the 

Environmental Change Network, Lancaster. Overall global warming potential in CO2
e was 

calculated using 100-year Global Warming Potentials detailed in Solomon et al. (2007), by 

summing CO2 fluxes and the CO2
e values of CH4 fluxes. 

Statistical analysis 
All statistics and graphs were produced using the R language and environment for statistical 

computing (R Development Core Team 2011) and several contributed packages (Hothorn et 

al. 2008; Wickham 2009; Fox & Weisberg 2011; Oksanen et al. 2011; Pinheiro et al. 2011; 

Wang et al. 2012). CH4, net ecosystem exchange and global warming potential data were 

adjusted to positive values by adding a constant (minimum value of flux + 1) to facilitate 

transformation where needed. All flux response variables were log-transformed to reduce 

heteroscedascity, apart from CH4, which was reciprocal-transformed and net ecosystem 

exchange, which was not transformed. We performed repeated measures analysis of variance 

to determine the differences in greenhouse gas fluxes between landforms throughout the study 

period, using linear mixed effects models with landform × date specified as an interaction. 

Significant abiotic (e.g. temperature, water table depth) and biotic (e.g. cover of plant 

functional types, microbial community composition) controls on greenhouse gas fluxes were 

then determined using multiple regression and forward model selection, with stepwise 

removal of non-significant terms as described in Zuur et al. (2009). The variance structures of 

the models for CH4, net ecosystem exchange and global warming potential were weighted as a 

power function of the variance covariate, in order to further account for heteroscedascity and 

satisfy model assumptions concerning the normality of residuals. Differences in soil microbial 
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community composition between sampling dates, landforms and depths were assessed using 

multivariate negative binomial generalised linear models, followed by ANOVA (Wang et al. 

2012). Differences in the position of the water table, pH and the C:N ratio of the top 5cm of 

peat between landforms were assessed using repeated measures analysis of variance. 

Results 
Air temperature ranged from -13.9 °C in December 2010 to 21.5 °C in May 2010, with a 

mean of 7.6 °C for the study period (Figure 2). Incoming solar radiation was lowest in 

November 2010 at 8.54 W m-2 and greatest in June 2010 at 930 W m-2 (Figure 2). The 

position of the water table relative to the peat surface was highest in September 2010, with the 

water table beneath open moorland plots being significantly lower than those beneath eroding 

area and gully plots throughout the study period (F(2, 33) = 13.257, P < 0.001). The position of 

the water table in eroding areas and gullies was at, or above, the peat surface several times 

throughout the study period. Water table position ranged from a minimum of -95.7 cm in open 

moorland in June 2010, to a maximum of +46.7 cm in a gully in September 2010. We 

measured the position of the water table using manual dip-well sampling and automatic water 

table loggers, and observed similar patterns in both datasets throughout the study period 

(Figure 3).  
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Figure 2: Time series of mean daily temperature and solar radiation, measured between 11:00 

and 14:00 (the duration of the sampling period) by the Environmental Change Network 

Automatic Weather Station. The seasonal trends are indicated by a loess smoother (blue) with 

95% confidence intervals represented by the shaded region (grey).  
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Figure 3: Time series of mean landform water table position measured manually on sampling 

dates (top), and continuously using automatic water table loggers (bottom) throughout the 

study period. Error bars (top) represent one standard error of the mean. Data gaps (bottom) are 

represented by blank space. 
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The C:N ratio in the top 5 cm of peat ranged from 22.76 to 41.93, while pH ranged from 3.55 

in open moorland to 5.64 in eroding areas. The C:N ratio of the top 5 cm of peat in eroding 

areas was significantly higher than in open moorland (F(2, 28) = 4.05, P = 0.003), and pH in the 

top 5 cm of peat was significantly higher in eroding areas than both gullies and open 

moorland (F(2, 28) = 12.1, P < 0.001) (Figure 4). 

Figure 4: Differences in peat C:N  ratios and pH between landforms. The F and p values from 

repeated measures ANOVA are given in text annotations on each graph. Significant 

differences between landforms are indicated by letters on the top of each graph; landforms 

sharing the same letter are not significantly different (p = 0.5). 

Plant community composition 
Total vegetation cover ranged from 0 in eroding areas to 166% in open moorland. The 

differences in plant functional group cover between landforms are shown in Figure 5. Values 

for the biomass of each functional group, harvested from greenhouse gas measurement base 

rings, are shown in Table 4. Total biomass was greatest in open moorland plots, where dwarf-

shrubs were the dominant vascular plant functional group, principally Calluna vulgaris and 

Empetrum nigrum. The open moorland understorey cover of bryophytes was mainly 

composed of Hypnum jutlandicum, with some Sphagnum present. Gullies were dominated by 

Sphagnum species, with bryophytes accounting for most of the biomass, and the dominant 
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vascular plant cover comprised of Eriophorum vaginatum and angustifolium. Biomass was 

lowest in eroding areas, which had a sparse covering of both Eriophorum vaginatum and 

angustifolium, with very few dwarf-shrubs or bryophytes present. 

 

Figure 5: Landform plant community composition, surveyed on the greenhouse gas flux 

measurement plots at the end of the study period. Bryophytes have been subdivided into 

feathermosses and Sphagnum mosses to illustrate the differences between gullies and open 

moorland. 

 

Landform Total biomass Shrubs Graminoids Bryophytes 
Eroding area 0.15 ± 0.04 0.00 ± 0.00 0.15 ± 0.04 0.00 ± 0.00 
Gully 0.79 ± 0.05 0.01 ± 0.01 0.18 ± 0.02 0.59 ± 0.05 
Open moorland 0.97 ± 0.09 0.66 ± 0.07 0.04 ± 0.02 0.27 ± 0.07 
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Table 1: Dry biomass, in kg m-2, of plant functional types in each landform, based on material 

harvested from within gas measurement rings. Data are means ± one standard error. 

Soil microbial community 
PLFA concentrations were always lowest in eroding areas; the concentrations of three PLFAs 

associated with gram-positive bacteria and the fungal PLFA were higher in open moorland 

than in eroding areas. The concentration of gram-negative PLFAs was higher in gullies. The 

ratio of fungi to bacteria was greater in the catotelm, with the exception of open moorland, 

where the ratio was higher in the acrotelm. In most cases, the size of microbial communities 

declined with depth; there were two exceptions – C17.0 (gram-positive bacteria) and C18.0 

(10me) (gram-positive actinobacteria) – the concentrations of which were lowest in the 

mesotelm in eroding areas, but which followed the general pattern of declining concentration 

with depth in gullies and open moorland. 
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Figure 6: Soil microbial community structure in the top 5 cm of peat in greenhouse gas flux 

measurement plots, as measured by PLFA. Bars and error bars represent the mean ± 1 

standard error. 
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Greenhouse gas fluxes 
All fluxes demonstrated increasing variability with increasing flux. This resulted in greater 

variation in fluxes during periods with higher temperatures, which is reflected in significant 

interactions between landform and measurement date for all fluxes, apart from global 

warming potential (Table 1). There were significant interactions between date and landform 

for all greenhouse gas fluxes. All greenhouse gas fluxes demonstrated significant seasonal 

variability, which can be seen in the marked seasonal patterns present in the greenhouse gas 

flux time series in Figure 7. Peat depth did not have any significant effects on greenhouse gas 

fluxes. 

Response: Ecosystem 
respiration (CO2) 

Net Ecosystem 
Exchange (CO2) 

Methane (CH4) 
Global Warming 
Potential (CO2

e) 

 F P F P F p F p 

Landform 6.3266 
(2, 33) 

0.0047 2.377 
(2, 33) 

0.1085 36.0235 
(2, 33) 

<.0001 5.43 
(2, 33) 

0.0091 

Date 39.9041 
(11, 320) 

<.0001 23.032 
(11, 307) 

<.0001 8.3319 
(12, 325) 

<.0001 16.394 
(10, 225) 

<.0001 

Landform x 
Date 

3.1073 
(22, 320) 

<.0001 2.148 
(22, 307) 

0.0024 6.5112 
(24, 325) 

<.0001 1.274 
(20, 225) 

0.198 

Table 2: ANOVA table showing the main effects and interactions of landform and sampling 

date on greenhouse gas fluxes. Significant (p < 0.05) effects shown in bold. 

 

 Ecosystem 
respiration (CO2) 

Net Ecosystem 
Exchange (CO2) 

Methane (CH4) Global Warming 
Potential (CO2

e) 
F p F P F p F p 

Summer 7.618 
(2, 33) 

0.0019 0.7102 
(2, 33) 

0.4989 47.7238 
(2, 33) 

<.0001 1.3722 
(2, 33) 

0.2676 

Autumn 5.2908 
(2, 33) 

0.0102 1.2779 
(2, 33) 

0.2921 90.101 
(2, 33) 

<.0001 0.8598 
(2, 31) 

0.4331 

Winter 6.12117 
(2, 32) 

0.0056 10.569 
(2, 31) 

0.0003 29.792 
(2, 31) 

<.0001 12.074 
(2, 28) 

0.0002 

Spring 5.4697 
(2, 33) 

0.0089 4.085 
(2, 33) 

0.0260 28.0719 
(2, 33) 

<.0001 1.069 
(2, 33) 

0.3550 

Table 3: ANOVA table showing the effect of landform on greenhouse gas fluxes, divided into 

seasons. 
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 Response 
Ecosystem respiration 

(CO2) 
 Net Ecosystem 

Exchange (CO2) 
 

Methane (CH4) 
 

  t (d.f.) p 
 

t (d.f.) p 
 

t (d.f.) p 
 

A
bi

ot
ic

 
Temperature 10.627 (303) < 0.001 ↑ -4.837 (157) < 0.001 ↓ -3.405 (182) 0.001 ↑ 

Water table depth -2.868 (303) 0.004 ↓       

Temperature x 
water table depth 2.294 (303) 0.023 ↕       

Solar radiation    -2.539 (157) 0.0121 ↓    

Pl
an

t 

Shrub cover 5.259 (33) < 0.001 ↑       

Graminoid cover 4.986 (33) < 0.001 ↑       

Moss cover       7.123 (14) < 0.001 ↓ 

Sphagnum cover       -6.297 (14) 0.020 ↑ 

So
il 

Fungi:Bacteria    -2.787 (16) 0.0132 ↓    

Postive:Negative       -2.635 (14) 0.020 ↑ 

Table 4: Significant variables associated with greenhouse gas fluxes following stepwise model 

selection, divided into groups according to abiotic, plant and soil. Arrows indicate direction of 

association with the modelled greenhouse gas flux. 
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Figure 7: Time series of greenhouse gas fluxes from peatland landforms during the study 

period. Error bars represent one standard error of the mean. Significant differences between 

landforms are indicated by the text annotations on each graph, where EA = Eroding Areas 

(brown), GU = Gullies (green) and OM = Open Moorland (purple). 
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Net ecosystem respiration 
Both gullies and open moorland had significantly higher fluxes than eroding areas throughout 

the summer. Peak fluxes occurred in June 2010 and were similarly high in September 2010, 

coincident with the highest temperatures for the study period (Figure 2). During and following 

the September peak, the difference in net ecosystem respiration between open moorland and 

eroding areas diminished; in autumn only gullies were a significantly higher source of CO2. In 

winter, gullies became a significantly greater source of CO2 than open moorland, while fluxes 

from eroding areas remained similar to both other landforms. The story changed in spring, 

when open moorland once again became a significantly greater source of CO2 than eroding 

areas. 

 

Temperature (t(303) = 10.627, P < 0.001) and water table depth (t(303) = -2.868, P = 0.004) were 

identified as significant abiotic controls on net ecosystem respiration, and shrub (t(33) = 5.259, 

P < 0.001) and graminoid (t(33) = 4.986, P < 0.001) cover as significant biotic controls, 

through model selection (table 3). Temperature was positively related to net ecosystem 

respiration, and higher fluxes occurred when the water table was further below the peat 

surface. A significant interaction between temperature and water table position (t(303) = 2.294, 

P = 0.023) indicated that the importance of water table position varied seasonally with 

temperature. Shrub and graminoid cover were both positively related to net ecosystem 

respiration. 

Net ecosystem exchange 
While there was no significant effect of landform on net ecosystem exchange (Table 1), the 

significant interaction between landform and date (F(22, 307) = 2.148, P = 0.002) indicated that 

landforms may have a more important effect on net ecosystem exchange in some months than 

others. With the data divided into seasonal subsets, differences in net ecosystem exchange 

between landforms became apparent in winter and spring (Table 2). Net ecosystem exchange 

was significantly higher in eroding areas than in open moorland during the winter, while in 

spring eroding areas had significantly higher net ecosystem exchange than gullies, which in 
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turn had lower net ecosystem exchange than open moorland. Eroding areas were a source of 

CO2 during January and March 2011, when ecosystem uptake of CO2 was weakest. The 

greatest ecosystem uptake of CO2 occurred on open moorland plots in September 2010. 

 

Both temperature (t(137) = -4.837, P < 0.001) and solar radiation (t(157) = -2.539, P = 0.012) had 

a significant negative association with net ecosystem exchange, i.e. higher temperature and 

solar radiation was associated with greater ecosystem uptake of CO2. The ratio of fungi to 

bacteria in surface peat was also identified as a significant control on net ecosystem exchange, 

with a greater proportion of fungi to bacteria associated with greater ecosystem CO2 uptake 

(t(16) = -2.787, P = 0.013). 

CH4 flux 
Landform had a highly significant effect on CH4 flux (Table 1); throughout the study period, 

open moorland CH4 fluxes were significantly lower than those in eroding areas and gullies, an 

effect clearly visible in Figure 7. CH4 fluxes from eroding areas and gullies were only 

significantly different in spring, when the flux from eroding areas was greater. CH4 fluxes 

from open moorland were very low throughout the study period, staying consistently close to 

zero and indicating occasional net CH4 oxidation. Eroding areas and gullies both had much 

greater fluxes of CH4 throughout the study period. 

 

Temperature was identified through model selection as the only significant abiotic driver of 

CH4 fluxes (t(182) = -3.405, P = 0.001), with higher CH4 fluxes occurring at higher 

temperatures (table 3). Bryophyte (t(14) = 7.123, P < 0.001) and Sphagnum (t(14) = -6.297, P = 

0.02) cover had contrasting effects on CH4 fluxes: increased bryophyte cover was negatively 

related to CH4 fluxes, while the relationship with Sphagnum cover was positive. Of the soil 

microbial community variables, the ratio of gram-positive to gram-negative bacteria in surface 

peat was positively associated with CH4 fluxes (t(14) = -2.635, P = 0.02), i.e. larger amounts of 

gram-positive bacteria were associated with greater CH4 fluxes. 
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Global warming potential  
Open moorland had the lowest global warming potential of the three landforms throughout the 

study period, with an annual mean of -94.53 mg CO2
e m-2, while eroding areas had the 

highest, with an annual mean of -57.84 mg CO2
e m-2. Between November and January, 

eroding areas and gullies had a positive global warming potential: these peatland landforms 

stopped functioning as net sinks for C and instead became a source of greenhouse gases 

during the coldest part of the study period. There were only significant differences in the 

global warming potential of peatland landforms in the winter (Table 2), when eroding areas 

and gullies both had significantly higher global warming potentials than open moorland. 

Discussion 
A key aim of this study was to elucidate the differences in the fluxes of greenhouse gases 

between peatland landforms. We found clear differences in fluxes between landforms, the 

nature of which varied between seasons. Eroding areas and gullies were hotspots for CH4 

fluxes. Despite uptake of CO2 through gross primary productivity, CH4 release from eroding 

areas and gullies resulted in these landforms having a higher global warming potential for the 

majority of sampling dates. On the other hand, in open moorland CO2 and CH4 release was 

offset by CO2 uptake. The differences in global warming potential between landforms were 

significant during winter, when eroding areas and gullies both exhibited positive global 

warming potential; when CO2 uptake via gross primary productivity was at a minimum, the 

release of CH4 from eroding areas and gullies exceeded the amount of CO2 absorbed by plants 

and the amount of CH4 oxidised to CO2 by methanotrophic bacteria, thereby switching the 

status of these landforms from sinks to sources of C. 

 

This finding is of concern from a global change perspective. According to global warming 

scenarios, temperatures in northern Europe are expected to show the greatest increases during 

winter, while precipitation is also expected to increase (Christensen et al. 2007). Temperature 

was an important driving variable behind all of the greenhouse gas fluxes we measured in this 

study. In peatlands, these climatic shifts could increase the height of the water table and 
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reduce temperature-based constraints on decomposition, leading to increased release of CH4 

from eroding areas and gullies during winter. Due to the potency of CH4 as a greenhouse gas, 

an increase in fluxes from eroding areas and gullies could, despite their relatively small spatial 

area (McNamara et al. 2008), affect the ability of the whole ecosystem to sequester C during 

the winter, when gross primary productivity is minimal due to senescence of photosynthetic 

plant biomass and temperature limitation of photosynthesis (Farquhar et al. 1980). This 

emphasises the importance of studying spatial variation in greenhouse gas fluxes from 

peatland landforms at the scale adopted in this study. 

 

Here we found that both eroding areas and gullies released more CH4 than open moorland, 

throughout the study period. The differences between landforms were most pronounced (with 

the highest CH4 release coming from gullies) during spring, when the phenology of 

aerenchymous sedge species such as Eriophorum likely combine with suitable abiotic 

conditions to play a role through the transport of CH4 via plant tissues (Greenup et al. 2000) 

and the provision of labile substrates to CH4-producing regions within the peat (Ström et al. 

2012). The difference in CH4 fluxes between eroding areas and gullies became less significant 

during summer, autumn and winter, when there were no significant differences between 

eroding areas and gullies, but significantly lower fluxes from open moorland. Previous work 

has demonstrated the importance of gullies in terms of greenhouse gas emissions from 

peatland systems. McNamara et al. (2008) found that, while gullies covered only 9.3% of the 

surface area at Moor House NNR, they accounted for 95.8% and 21.6% of the net respiratory 

fluxes of CH4 and CO2 respectively. Elsewhere, many researchers have identified a link 

between plant communities rich in sedges, particularly Eriophorum, and large CH4 fluxes 

(Greenup et al. 2000; Pelletier et al. 2007; Ström et al. 2012; Green & Baird 2012). 

 

The only abiotic variable identified as a driver of CH4 fluxes was air temperature. Water table 

depth, which we expected to be the prominent abiotic driver of CH4 fluxes, was not significant 

in any of our models. This may be a reflection of the non-linear relationship between water 
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table depths and CH4 fluxes (Bubier et al. 1993; Strack, Waddington, & Tuittila 2004; 

Pelletier et al. 2007; Dias et al. 2010; Leppälä et al. 2011). However, we also fitted models 

that included a non-linear response of CH4 flux to water table depth, which also indicated no 

evidence of a significant relationship (results not shown). The consistent relevance of 

landforms to CH4 fluxes, indicated by the significance of landform in all four seasonal models 

of CH4 fluxes (Table 2), emphasises their importance as integrative factors for explaining 

landscape-scale variation in fluxes, as they combine the effects of vegetation composition and 

abiotic conditions. 

 

Temporal variation in net ecosystem respiration was positively related to air temperature. This 

finding is in agreement with many other studies in which temperature has been highlighted as 

a major driver of respiratory CO2 fluxes from peatlands (e.g. Ward et al. 2007; Chivers et al. 

2009). We also found a significant interaction between air temperature and water table depth 

in the autumn, the source of which may be the combination of high temperatures and low 

water table position, leading to an increase in the volume of peat available to methanotrophic 

bacteria, concomitant with a reduction in the volume of saturated peat within which CH4 

production can occur. The interception of CH4 from deeper, anoxic layers in the peat column 

by a greater body of methanotrophic bacteria, coupled with relatively high temperatures, could 

have resulted in increased fluxes of CO2. Freeman et al. (2002) found, however, that the lower 

water table position associated with drought conditions did not stimulate a detectable increase 

in CH4 oxidation, suggesting that the dominant effect of lower water table positions on CH4 

fluxes is through limitation of production by methanogens. 

 

There were clear differences in net ecosystem respiration between landforms for some of the 

study period. Eroding areas consistently produced low fluxes, compared to gullies and eroding 

areas. Differences between landforms were most pronounced in the summer, when gullies and 

open moorland both produced significantly higher fluxes than eroding areas (Figure 7). In 

autumn, the only significant difference occurred between gullies and eroding areas, the former 
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releasing more CO2 than the latter. In winter, gullies stood out as having the highest net 

ecosystem respiration, while in the spring open moorland was a greater source of CO2 than 

eroding areas. These seasonally-dependent landform differences are most likely due to a 

combination of abiotic drivers and plant community composition; the relatively low plant 

cover in eroding areas, coupled with unfavourable conditions for aerobic CO2 production 

(high water table position) meaning that much of the respiration from eroding areas was in the 

form of CH4, may be the cause of low net ecosystem respiration from this landform. The 

influence of vegetation on net ecosystem respiration is clear in the higher fluxes measured 

from gullies and open moorland, both of which have a much greater plant cover (Figure 2). 

The differences in net ecosystem exchange between peatland landforms throughout the study 

period reflect seasonal patterns in net ecosystem respiration; eroding areas tended to represent 

the greatest source of CO2, while differences between gullies and open moorland were less 

pronounced. Plant cover is an important determinant of net ecosystem exchange because it 

provides a measure of the quantity and quality of above-ground biomass available for 

photosynthesis. Temperature and solar radiation were both important abiotic influences on net 

ecosystem exchange throughout the study period (Table 3). 

 

Plant ecology is central to the spatial variation in greenhouse gas fluxes encapsulated in 

peatland landforms. Sedge species such as Eriophorum are known for their aerenchymous 

tissues, an adaptation for growth in waterlogged conditions, and can encourage 

methanogenesis in submerged microbial communities through the provision of labile C 

substrates to anaerobic areas via root exudates (Glaser & Chanton 2009; Ström et al. 2012). 

The strength of association between plant functional types and peatland greenhouse gas fluxes 

is confirmed by the significance of plant functional type cover in our models of net ecosystem 

respiration and CH4 fluxes throughout the study period. Kip et al. (2010) highlighted the 

ubiquity of symbiosis between methanotrophic bacteria and Sphagnum mosses and indicated 

that moss-based methanotrophy was particularly high in the wettest environments. It is 

possible that part of the high flux of CO2 from gullies could be explained by the symbiosis of 
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methanotrophic bacteria and Sphagnum mosses prevalent in gullies (Figure 5). However, it is 

likely that Sphagnum-methanotroph symbiosis is just one of several interacting factors 

contributing to the high fluxes of CO2 from gullies, and unpicking the nature of these 

interactions remains a major challenge. 

 

The importance of landforms in explaining variation in greenhouse gas fluxes from our study 

peatland throughout the study period is probably due to the way in which they act as distinct 

units that integrate plant community composition, soil microbial community composition and 

abiotic factors which are important in the regulation of greenhouse gas fluxes. Plant 

community composition is a major driver of spatial variation in peatland greenhouse gas 

fluxes (Bubier et al. 1993, 1995a; Bubier, Moore, & Juggins 1995b; Waddington & Roulet 

1996; Greenup et al. 2000; Ström et al. 2005; McNamara et al. 2008; Ward et al. 2009; Dias 

et al. 2010; Couwenberg et al. 2011; Ström et al. 2012) through the influence of plant 

functional type on the quality and quantity of nutrient inputs. Plants also influence greenhouse 

gas fluxes through their varying abilities to perform photosynthesis (Diaz & Cabido 1997) and 

act as flow paths for the release of CH4 from within the peat (Greenup et al. 2000; Marinier et 

al. 2004). Shrub and graminoid cover were both identified as drivers of net ecosystem 

respiration, which points to the ability of graminoid species such as Eriophorum to act as 

conduits for oxygen supply to anaerobic peat layers (Greenup et al. 2000), thereby stimulating 

aerobic mineralisation of soil organic matter. Eriophorum species are also thought to provide 

labile substrates to anaerobic peat via their deep rooting systems, further stimulating 

respiration (Ström et al. 2012). The associations between greenhouse gas fluxes and plant 

functional groups that we, and others (McNamara et al. 2008; Ward et al. 2009) have 

measured, demonstrate the potential for using plant functional type composition as a tool for 

predicting greenhouse gas fluxes at larger scales. 

 

The soil microbial community is an important determinant of ecosystem function (Bardgett 

2005). In this study we used a broad-scale PLFA approach in determining the structure and 
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correlations of the soil microbial community in the acrotelm with greenhouse gas fluxes. We 

found clear landform-scale patterns in the soil microbial community, with greater biomass in 

gullies and open moorland than in eroding areas, and declining biomass with depth, 

concomitant with the established literature, e.g. Fierer et al. (2003); Eilers et al. (2012). The 

higher concentration of gram-negative bacteria in gullies may point to the importance of 

methanotrophic bacteria in producing the high CO2 fluxes measured from this landform – 

potentially existing in symbiosis with Sphagnum mosses (Kip et al. 2010) and thereby 

occupying a niche in the predominantly aerobic zone directly in the path of high CH4 fluxes. 

Of the PLFAs for which we identified significant differences between landforms and depths, 

two ratios were significant in our greenhouse gas flux models (Table 3). The ratio of gram-

positive to gram-negative bacteria had a positive influence on CH4 release throughout the 

study period, emphasising the importance of water table position in determining the balance 

between methanogenic archaea and methanotrophic bacteria, which are gram-negative (Chen 

et al. 2008). The fungal-bacterial ratio of peat was positively associated with greater 

ecosystem CO2 uptake. The drier conditions in open moorland landforms may present a more 

amenable habitat for fungi, which interact with their abiotic surroundings and the recalcitrant 

litter produced by the dominant ericoid plant cover to slow down nutrient cycling in open 

moorland, relative to eroding areas and gullies. We would expect eroding areas and gullies, 

being dominated by graminoid plant species producing litter enriched in more labile 

substances, to foster bacterial-based microbial communities. 

 

Future changes in land use pressures and climate may alter the distribution of peatland 

landforms through changes in hydrology and vegetation succession. Erosion in upland blanket 

peatlands is generally considered to be caused by burning at too high an intensity or 

overgrazing (Bragg & Tallis 2001; Holden et al. 2007). Existing erosion scars, such as those 

comprising the eroding areas in this study, are vulnerable to expansion through enhanced rates 

of aeolian and hydraulic erosion when bare peat is disrupted due to frost action or dessication 

(Bragg & Tallis 2001). Approximately 350,000 ha of blanket peat in the British Isles may be 
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in an eroded state (Tallis 1998). The increased frequency of extreme weather events that is 

predicted as an element of climate change in northern latitudes (IPCC 2007) may, according 

to the results of this study, lead to an increase in the global warming potential of similar 

blanket peatlands. Eroded peat is typically re-colonised by Sphagnum mosses and graminoid 

species – this may be the origin of the dendritic gully systems that are a widespread feature of 

blanket peatlands (Bragg & Tallis 2001). An increase in the area of Sphagnum- and 

Eriophorum-dominated gully systems in peatlands would further increase the global warming 

potential of similar blanket peatland ecosystems, due to the higher CO2 and CH4 fluxes from 

these landforms, particularly in wet periods (Strack et al. 2006). 

Conclusion 
By measuring the greenhouse gas fluxes from blanket peatland landforms over a one year 

period, we identified seasonal differences in the driving variables behind CO2 and CH4 fluxes, 

which are the most important fluxes from a global change perspective. While the sensitivity of 

greenhouse gas fluxes to abiotic drivers varied between seasons, landform consistently 

explained significant portions of the variation in greenhouse gas fluxes. Eroding areas and 

gullies were consistent sources of CH4, which increased their global warming potential and 

resulted in them becoming sources of C in the winter, when gross primary productivity is 

suppressed as a result of plant senescence. This result is significant, because changes in the 

climate of the northern hemisphere, coupled with continuing peatland degradation, may lead 

to an increase in the size of eroding areas and gullies which, due to their higher global 

warming potential, may lead to a shift in the status of blanket peatland from C sink to C 

source. This would increase the strength of the peatland positive feedback to northern 

hemisphere climatic change. We have shown that broad-scale landforms are useful units for 

dealing with spatial variation in greenhouse gas fluxes from peatlands; visually-distinct 

landforms that integrate abiotic drivers, such as water table depth, and important biological 

variables, such as plant community composition, represent a pragmatic approach 

complementary with rapid classification of high-resolution aerial imagery, which has potential 

for improving landscape-scale estimates of ecosystem C balance. 
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Abstract 

This study aims to bridge the gap in knowledge regarding small-scale variation in peatland C 

storage. Peatlands are globally significant C stores, which represent a vulnerable source of C 

that could constitute a potential feedback to climate change. There are now many estimates of 

the size of the peatland C stock, but few studies have attempted to characterise within-

peatland C stocks at ecologically-relevant spatial scales. In this study we attempted to 

determine whether distinct peatland landforms were important for characterising spatial 

variation in C stocks, along with C accumulation rates and basal ages, by surveying peatland 

C stocks and determining basal ages at the landscape level. We used the Trout Beck 

catchment within Moor House NNR, north Pennines, as our study site. Landforms, elevation 

and slope were important predictors of peat depth, with peat deposits of greater thickness 

occurring at lower elevations and on gentler slopes. Landforms also explained variation in C 

and N concentrations within the peat, but not C densities, with gullies exhibiting lower C and 

higher N concentrations. Our study demonstrates the importance of determining within-

peatland spatial variation in peat depth and chemical composition, and suggests that distinct 

landforms may be a useful tool in improving estimates of the size and character of peatland C 

stores. 

mailto:miit@ceh.ac.uk�
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Introduction 
Peatlands have been accumulating C for most of the last ten thousand years, as the result of an 

imbalance between the rates of primary production and decomposition, and continue to 

perform an important ecosystem function as C stores. Much of this accumulated C is stored in 

thick peat deposits in the arctic and sub-arctic, and upland regions in the northern hemisphere, 

where it is increasingly threatened by climate warming. Warming and drying may lead to 

reductions in the peatland C stock, both directly, through the effect of increased heterotrophic 

respiration by microorganisms in response to warmer temperatures or drought (Fenner & 

Freeman 2011), and indirectly through changes in peat-forming plant communities and 

displacement via weathering processes on desiccated peat (Francis 1990). 

 

Many uncertainties surround estimates of the size of the northern peatland C stock, which 

range from 270 Gt C (Turunen et al. 2002) to 621 Gt C (Yu et al. 2010). These uncertainties 

mainly derive from the extrapolation of assumed constant values of bulk density, peat depth 

and C content across the entire northern peatland area, combined with poor spatial coverage of 

inventories (van Bellen et al. 2011). Notable exceptions include the West Siberian Lowlands 

(Sheng et al. 2004; Beilman et al. 2009) and Mackenzie Delta (Beilman et al. 2008) spatial 

datasets, but these still quantify variation at the kilometre scale. While quantification in these 

studies is limited to the kilometre scale by the large area encompassed in the study, it is 

important to consider variation at smaller scales, particularly in blanket peatlands, where 

distinct landforms exist at scales in the order of metres. 

 

Peat accumulation rates – and resulting C stocks – are governed by a range of factors, and 

vary spatially and temporally according to allogenic (e.g. climate (Tolonen & Turunen 1996; 

Beilman et al. 2009)) and autogenic (e.g. increasing depth (Belyea & Clymo 2001), 
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microtopography and ecology (Eppinga et al. 2009), and fire (Turetsky et al. 2002)) drivers. 

Conceptually, local geology, topography and climate influence hydrology and vegetation, 

which together with climate modulate production and decomposition, the imbalance of which 

leads to the accumulation of C in peat deposits (Yu & Beilman 2009). Peatlands are spatially 

heterogeneous ecosystems, comprised of a patchy mosaic of eco-hydrologically distinct 

landform features, which arise from topographically and climatically driven variations in the 

depth of the water table beneath the peat surface (Charman 2002). The landscape is colonised 

by different assemblages of plant species depending on the depth of the water table beneath 

the peat surface, resulting in spatial variation of plant traits among aggregations of plant 

functional types. Straková et al. (2012) showed that areas populated by plants with higher 

quality litter accumulated organic matter faster, despite faster decomposition associated with 

greater substrate availability. This highlights the importance of plant community composition 

as a control on past and contemporary C accumulation rates in peatlands. Phenolic 

compounds, a common feature of peatland plant species, are a key driver of the rate of 

decomposition, because they are resistant to degradation by hydrolase enzymes, with the 

exception of phenol oxidase, which requires O2 (Freeman et al. 2001). The prevailing anoxic 

conditions in peatlands lead to high concentrations of phenolics in the peat, inhibiting 

hydrolases and limiting the rate at which decomposition occurs under anoxic conditions 

(Freeman et al. 2001). The availability of labile C for decomposers is an important energy 

constraint that, along with moisture and temperature in the edaphic environment, plays a role 

in governing the rates of litter turnover (Artz 2009).  

 

Peatlands have historically been treated as homogeneous slabs of uniform thickness in global 

circulation models (Baird et al. 2009), but local-scale influence of topographical variables on 

peat depth has been shown to be important. Several studies have indicated the utility of 

topographic variables, particularly slope, for predicting the depth of peat deposits (Charman 

2002; Buffam et al. 2010; Holden & Connolly 2011). The depth of peat deposits, in addition 

to the chemistry of the peat itself, determines how much C is stored per unit area. 
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Improvements in estimates of peatland C storage can be achieved by modelling variation in 

peat depth using topographic variables as predictors. Digital terrain models, from which 

topographic variables can be calculated, are now available at varying resolutions for most of 

the globe, representing considerable potential for predicting peat depth over greater areas 

(Beilman et al. 2008). 

 

Given that the quality and quantity of plant litter, combined with edaphic and climatic 

conditions, influence turnover of C in peatlands, quantifying the variation in C accumulation 

rates and stocks in relation to the spatial variation in these driving influences is an important 

concern. Peatland accumulation rates and C stocks are often determined from a small number 

of cores, or single cores, the characteristics of which are extrapolated to wider areas. 

However, peatlands are known to exhibit considerable spatial variation in the drivers of peat C 

accumulation over small scales, i.e. at the order of metres. There is a shortage of studies that 

explicitly consider long-term peatland C dynamics – specifically C accumulation rates and 

stocks – in relation to these factors. Here we aimed to characterise the local variation in long-

term C cycling parameters in a northern hemisphere blanket peatland, by determining C 

accumulation rates, C stocks and peat depths within eco-hydrologically distinct landforms 

present at the study site. 

 

Using a spatially-explicit sampling approach, we quantified the variation in peat quality and C 

stocks with depth within the peatland landforms. 14C AMS (radiocarbon dating) was used to 

determine the basal ages of the peatland and C accumulation rates within the landforms – i.e. 

long-term C dynamics. We combined our long-term C dynamics data with a large-scale 

ecosystem survey, which we used to compare plant community composition between 

landforms. Our ecosystem survey produced an extensive peat depth dataset, which we used in 

combination with topographic variables extracted from a digital terrain model to examine the 

relationship between peat depth, slope and elevation in our study catchment. Our 
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measurements allow us to address the following questions, concerning landscape-scale 

variation in peatland C stocks and long-term C dynamics: 

1. Can peat depth be predicted on the basis of peatland landforms and topographical 

variation? 

2. Is there evidence for differences in long-term C dynamics – date of peat initiation and 

rate of C accumulation – between contemporary peatland landforms? 

3. What are the drivers of variation in peat quality and C stocks at the landscape scale? 

Methods 

Survey methodology 
Fieldwork was carried out within the Trout Beck catchment, a 1146ha watershed within the 

Moor House National Nature Reserve, in the North Pennines, UK (54 ° 65 ′ N, 2 ° 45 ′ W), 

90% of which is covered by blanket peatland. The mean annual temperature is 5.8 °C and 

mean annual rainfall is 2048 mm (Environmental Change Network 2012). A vegetation and 

landform survey was carried out between June and September 2008, and May and July 2009, 

to characterise the peatland in terms of its principal constituent landforms. Quadrat sampling 

points were located systematically at the mid-points of a 100 m grid, and located in the field 

using a handheld GPS unit (Garmin eTrex Vista HCx). Data were entered into a GIS database 

in the field using a modified version of the ‘CS Surveyor’ digital data capture system designed 

for Countryside Survey 2007 (Maskell et al. 2008). Peat depth was measured to the nearest 

centimetre using extendable rigid rods – due to the number of rods carried in the field, the 

maximum measurable peat depth was operationally defined as 300 cm. 

 

The blanket peatland within the Trout Beck catchment, comprised principally of eroding 

areas, gullies and open moorland, was the focus of this study. Peat core sampling locations 

were randomly selected from the surveyed quadrat locations. A representative sample of peat 

cores was taken from each landform type. To ensure that peat cores represented the full range 

of peat depths in the Trout Beck catchment, the peat depth data gathered during the vegetation 

survey was used to produce subsets of surveyed plots within each landform type. The coring 
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locations were randomly selected from these subsets using the HawthsTools ‘Random 

Selection within Subsets’ routine in ArcGIS (Beyer 2004; ESRI 2010) and are shown in 

Figure 1. Full-depth peat cores were taken using an Eijkelkamp Agrisearch Equipment Peat 

Sampler (Eijkelkamp, Giesbeek, The Netherlands) and sealed in plastic bags. All cores were 

taken during the 2009 growing season and, following collection, were stored at 4 °C and sub-

sampled into 5cm depth increments as soon as possible. We sampled 27 full-depth cores in 

total, ranging in depth from 30 to 500 cm. 

 

 

Figure 1 Map showing peat core sampling locations, landform classifications superimposed 

on digital elevation model for the study site in the Trout Beck catchment, Moor House NNR, 

north Pennines, UK 

Determination of C stocks and accumulation rates 
Peat samples of a known volume were sampled, weighed and freeze-dried to calculate bulk 

density. Total C and N concentrations were then determined using an Elementar Vario III 

elemental analyser (Elementar Analysensysteme GmbH, Germany) and a LECO Truspec CN 

analyser (LECO Instrument (UK) Ltd., Stockport). Total C and N stocks were calculated by 

dividing the bulk density by the concentration of each element: 

Cstock = bulk density × peat C concentration 
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Dating of basal peat 

Sample pre-treatment 
Samples for 14C AMS dating were sub-sampled from peat cores, 5 cm above the mineral 

horizon, where present, dispersed with de-ionised water and further sub-sampled for suitable 

macrofossils indicative of above-ground biomass, after Nilsson et al. (2001). Picked 

macrofossils were subjected to an acid-base-acid pre-treatment – briefly, samples were heated 

in 4% HCl for one hour, rinsed in de-ionised water, soaked in 0.5% NaOH for 15 minutes, 

rinsed in de-ionised water, heated in 4% HCl for one hour and rinsed once more in de-ionised 

water. Pre-treated samples were oven-dried at 70 °C for 12 hours. 

Sample combustion 
Dry pre-treated samples were loaded into glass tubes with 60-65 mg pre-baked CuO rods, 

adjusted to ensure complete combustion of the sample to CO2, a pre-baked silver strip to 

facilitate the removal of sulphur-derived gaseous compounds, and packed with pre-baked 

quartz wool. Glass tubes were flame-sealed on an evacuation rig and combusted at 890 °C for 

6 hours. 

Sample graphitisation 
CO2 from combusted samples was cryogenically purified, then reduced to C in the form of 

graphite at 550 °C in the presence of an Fe catalyst and H2 (Manning & Reid 1977): 

CO2 + H2 → C + 2H2O 

 

Sample graphite was manually pressed into targets, before being run on a compact model 0.5 

MV accelerator mass spectrometer (National Electrostatics Corp., WI, USA). Sample pre-

treatment, combustion, graphitisation using the H2 line, and 14C age determination were 

carried out at 14CHRONO, Queen’s University, Belfast. 

Age calibration 
14C age data were calibrated using the Calib 6.0.2 program (Stuiver & Reimer 1993) and the 

IntCal09 calibration curve (Reimer et al. 2009). We used the mid-point of the 2-sigma 

calibrated age range, adjusted to reflect 2009 as the present day by the addition of a constant. 
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Linear C accumulation rates were calculated by dividing the total mass of accumulated C 

above the basal peat by the calibrated basal age. 

Statistical analysis 
We tested for effects of landform and depth on the C:N ratio, C stocks and N stocks, using 

linear mixed effects models and ANOVA. Due to the differences between the depths of cores, 

we restricted analysis to the top 100 cm of each core, in order to satisfy the assumptions of 

linear modelling and ensure adequate replication between cores. We tested for differences in 

basal dates and accumulation rates between landforms using ANOVA. 

Peat depth prediction 
Peat depth was modelled at the landscape scale using regression kriging, a geostatistical 

technique that utilises correlations between spatially co-sampled independent variables, in 

addition to the spatial autocorrelation of the dependent variable (Hengl et al. 2007). In this 

case, we modelled peat depth based on landform, slope and elevation, making use of the peat 

depth variogram to model the spatial autocorrelation. We used 305 measured landform and 

peat depth values, combined with values of slope and elevation extracted at the same locations 

using the ‘isectpntrst’ tool in the Geospatial Modelling Environment (Beyer 2012), to train the 

model. Following visual inspection of alternative variogram models, a Matern model (nugget: 

3063.1, sill: 4254.29, range: 1870.01, kappa: 0.3) was selected as the one which best 

represented the data (Figure 2). The resulting model was then used to predict peat depth at 5 m 

resolution. As a spatial construct for this, we used a thematic raster layer representing 

principal peatland landforms (the creation of which is described in Paper 4, ibid.), combined 

with raster layers of slope and elevation, all resampled to 5 m spatial resolution in order to 

correspond with the slope layer, which had the lowest resolution of the three raster layers. The 

accuracy of the resulting interpolation was assessed by calculating the Root Mean Square 

Error (RMSE), while the error in the kriging model was assessed using leave-one-out cross-

validation. 
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Figure 2: Matern model variogram fitted to the peat depth dataset and used in regression 

kriging 

 

All statistics and graphics were implemented in ArcMap 10 (ESRI 2010) and the R 

Environment for Statistical Computing (R Development Core Team 2011), utilising a variety 

of contributed packages (Ribeiro & Diggle 2001; Pebesma & Bivand 2005; Baier & Neuwirth 

2007; Diggle & Ribeiro 2007; Bivand et al. 2008; Hiemstra et al. 2009; Keitt et al. 2012). The 

elevation data were obtained from the UK-wide NEXTMap enhanced digital terrain model 

(DTME), supplied by the NERC Earth Observation Data Centre (Intermap Technologies 

2009). 

Results 

Vegetation composition between landforms 
419 quadrats were surveyed in total – of these, 216 (51.6%) were classified as open moorland, 

45 (10.7%) as eroding areas, and 48 (11.5%) as gullies. These are the principal landforms that 

constitute the blanket peatland in the Trout Beck catchment; the remaining 110 quadrats were 

classified as grassland or anthropogenically-modified and were therefore not the object of this 

study. The three landforms were characterised by distinctive combinations of plant functional 

types. Eroding areas were characterised by patches of Calluna vulgaris and tussocks of 
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Eriophorum vaginatum, with smaller amounts of Empetrum nigrum, Eriophorum 

angustifolium, with Hypnum, Polytrichum and Sphagnum mosses. Gullies had a greater 

coverage of Eriophorum vaginatum, with occasional Calluna vulgaris, Deschampsia flexuosa 

and Eriophorum angustifolium, with a rich understorey of Polytrichum and Sphagnum 

mosses. Open moorland plots were dominated by Calluna vulgaris, alongside Eriophorum 

vaginatum and Empetrum nigrum, with Hypnum, Pleurozium and Sphagnum mosses in the 

understorey. Figure 3 (Paper 1, ibid.) illustrates the differences in plant functional type 

composition between each landform, from plant community survey data at the landscape 

scale. 

Topographic variation between landforms 
Eroding areas tended to occupy slopes of less than two degrees, with the majority occupying 

elevations ranging from 579 to 588 m. Gullies occurred over a greater range of slopes, 

between two and seven degrees, and occupied the greatest range of elevations, between 552 

and 670 m. Open moorland could be found on slopes between two and nine degrees, but only 

tended to persist at elevations ranging from 551 and 588 m. The range of elevations at which 

gullies were found highlights their present function as drainage channels within the blanket 

peatland landscape, running through the peatland from the top of the Trout Beck catchment to 

the river channel. The ranges of slopes and elevations occupied by each landform varied 

significantly (Figure 3). 

 Peat depth C accumulation rate Basal age 
F (d.f.) P F (d.f.) P F (d.f.) P 

Landform 49.33 (2, 297) < 0.01 1.45 (2, 15) 0.27 2.91 (2, 18) 0.08 
Elevation 34.58 (1, 297) < 0.01 0.01 (1, 15) 0.93 0.56 (1, 18) 0.46 
Slope 32.55 (1, 297) < 0.01 1.08 (1, 15) 0.32 1.60 (1, 18) 0.22 
Northness 2.38 (1, 297) 0.12 0.41 (1, 15) 0.53 1.16 (1, 18) 0.29 
Eastness 0.64 (1, 297) 0.43 0.70 (1, 15) 0.42 2.04 (1, 18) 0.17 
Table 1: ANCOVA table for linear models with peat depth, C accumulation rate and peat 

basal ages as response variables. Significant effects shown in bold.  
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Figure 3: Boxplots showing the variation in slope and elevation between peatland landforms. 

Chi-squared statistics and p values for the Kruskal-Wallis test for differences between 

landforms are show in the bottom right of each graph. Significant differences between 

landforms are indicated by letters on the right of each graph. 

 

Spatial variation in peat depths 
Landform, elevation and slope were all important factors in explaining variation in peat depth 

at the landscape scale (Table 1). Overall, peat depth ranged from 35 cm to over 300 cm; the 

depth of peat beneath open moorland was significantly greater than that beneath eroding areas, 

which itself was significantly greater than in gullies (Figure 4a). Peat depths declined 

significantly with increasing elevation and slope, with thicker peat deposits occurring towards 

the lower end of the altitudinal gradient represented within the Trout Beck catchment, on 

gentler slopes (Figures 4b and 4c). Our peat depth model including landform, elevation, slope 

and aspect explained 35% of the variation in peat depth, which indicates that there are other 

important factors controlling peat depth at this scale. Our spatial model of peat depth had an 

RMSE of 58.8 cm and a mean residual of -0.19. 
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Laboratory 
number 

Plot Sample 
depth (cm) 

Landform 14C age 
(BP) 

2σ range 
(cal yrs BP) 

Basal age 
(cal yrs 
BP) 

Accumulation 
rate 
(g C m-2 yr-1) 

UBA-
14146 

17U10 50 - 55 EA 969 ± 42 797 - 931 910 36.325 

UBA-
14147 

35U28 110 - 115 EA 4946 ± 50 5607 - 5724 5720 13.085 

UBA-
11723 

36U27_
EA 

310 - 315 EA 7677 ± 52 8412 - 8538 8530 34.008 

UBA-
14142 

36U28 345 - 350 EA 6278 ± 54 7165 - 7260 7260 23.929 

UBA-
14148 

37U23 135 - 140 EA 6032 ± 58 6791 - 6951 6920 11.1 

UBA-
11527 

37U29 495 - 500 EA 7987 ± 60 8725 - 8997 8910 21.083 

UBA-
11528 

41U31 195 - 200 EA 4825 ± 50 5480 - 5604 5590 36.753 

UBA-
12472 

43U21 75 - 80 EA 5817 ± 56 6505 - 6725 6670 8.375 

UBA-
14143 

46U6 150 - 155 EA 8411 ± 68 9317 - 9520 9470 10.567 

UBA-
14144 

14U19 95 - 100 GU 5554 ± 58 6297 - 6400 6400 11.449 

UBA-
14141 

15U13 45 - 50 GU 1139 ± 40 972 - 1166 1120 31.963 

UBA-
14145 

25U13 30 – 35 GU Modern Not 
determined 

UBA-
14149 

32U20 145 - 150 GU 6275 ± 58 7163 - 7262 7260 44.127 

UBA-
12481 

36U23 45 - 50 GU 591 ± 50 540 - 649 640 49.095 

UBA-
14140 

37U27 100 - 105 GU 3711 ± 46 3981 - 4145 4110 14.23 

UBA-
11531 

47U17 35 - 40 GU 2882 ± 52 2895 - 3139 3070 28.127 

UBA-
11525 

GU02 245 - 250 GU 7555 ± 60 8339 - 8412 8430 33.948 

UBA-
11526 

GU03 119 - 124 GU 7176 ± 86 7878 - 8153 8070 4.78 

UBA-
12480 

35U22 262 - 267 OM 8577 ± 64 9492 - 9583 9590 15.63 

UBA-
11725 

36U27_
OM 

345 - 350 OM 7369 ± 76 8045 - 8319 8230 22.802 

UBA-
11529 

42U29 175 - 180 OM 4912 ± 52 5593 - 5709 5700 46.084 

UBA-
12470 

43U24 225 - 230 OM 6814 ± 64 7590 - 7689 7690 16.079 

UBA-
12473 

44U28 310 - 315 OM 4732 ± 54 5327 - 5583 5510 24.211 

UBA-
12479 

47U15 115 - 120 OM 5892 ± 54 6659 - 6780 6770 11.494 

UBA-
11530 

47U16 125 - 130 OM 4320 ± 48 4840 - 4960 4950 17.7 

UBA-
11532 

48U11 125 - 130 OM 3881 ± 54 4236 - 4416 4380 25.091 

UBA-
12476 

48U12 70 - 75 OM 2768 ± 60 2786 - 2946 2920 17.665 

Table 2: Raw and calibrated basal dates determined from 14C AMS dating and C accumulation 

rates 
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Figure 4 (a, top) Differences in landform peat depths. Bars represent mean peat depths, error 

bars represent 1 standard error of the mean. (b and c, left and right) Peat depths plotted against 

elevation and slope extracted from the digital elevation model. Lines represent the fitted 

regressions for each landform. Points and lines are colour-coded as follows: brown – eroding 

area, green – gully, purple – open moorland 
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Basal dates and C accumulation rates 
14C age and calibrated age data are presented in Table 2. Peat basal ages ranged from 9590 to 

640 calibrated years before present, from cores taken in open moorland and a gully, 

respectively. C accumulation rates ranged from 4.78 to 49.09 g C m-2 yr-1, both from cores 

taken from gullies. These estimates are in the ranges of previously published basal ages and C 

accumulation rates quoted in Yu & Beilman (2009). We found no evidence for variation in C 

accumulation rate or the basal age of peat between landforms, or with topographical variables 

(Table 1). Gullies exhibited greater variability in the spread of basal dates and C accumulation 

rates than eroding areas or open moorland (Figure 5). 

Landform Peat depth 
(cm) 

C 
accumulationr
ate 
(g C m-2 yr-1) 

Basal 
age 
(cal. yr 
BP) 

C density 
(mg C cm3) 

C:N ratio C (%) N (%) 

Eroding 
area 

125.73 ± 
11.70 21.69 ± 3.88 6664 ± 

850 
65.42 ± 

2.02 
43.54 ± 

0.78 
51.11 ± 

0.83 1.20 ± 0.02 

Gully 62.29  ± 
6.06 27.21 ± 5.60 4888 ± 

1092 
69.84 ± 

2.74 
34.12 ± 

0.93 
48.31 
±1.13 1.53 ± 0.05 

Open 
moorland 

155.76 ± 
4.63 21.86 ± 3.37 6193 ± 

692 
59.90 ± 

2.07 
39.30 ± 

0.53 
52.19 ± 

0.22 1.37 ± 0.02 

Signif. P < 0.001 n.s. n.s. n.s. n.s. P < 0.001 P = 0.03 

Table 3: Means and standard errors for measured and calculated variables. C and N figures are 

based on data from the top 100 cm of cores. 
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Figure 5 (a, left) The distribution of calibrated basal dates for each landform, (b, right) the 

distribution of C accumulation rates for each landform. 

Peat C and N concentrations and stocks 
C and N concentrations differed significantly between landforms in the top 100 cm of peat, 

with gullies characterised by lower concentrations of C and a lower C:N ratio relative to 

eroding areas and open moorland (Table 3; Figure 6). We also found evidence for a weakly 

significant interaction between landform and depth for C concentrations, which can be seen in 

Figure 6: the concentration of C in gullies is much more variable than in the other landforms 

in the top 50 cm of peat cores, and the trend towards higher C concentrations with depth is 

less evident in gullies than it is in eroding areas and open moorland. We did not find any 

evidence for significant effects of peat depth, landform or topographic variables on C stocks, 

N stocks or C:N ratios (Table 4); although gullies were characterised by higher mean C and N 

stocks and a lower mean C:N ratio in the top 100 cm of cores, this was not significant in our 

models. 
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Figure 6: Variation in C concentrations (a, top) and C:N ratios (b, bottom) with depth for each 

landform 
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 C densities C:N ratio C % N % 
F (d.f.) P F (d.f.) P F (d.f.) P F (d.f.) P 

Depth 1.91 
(1, 346) 0.17 

1.14 
(1, 370) 0.29 

0.33 
(1, 371) 0.57 

0.19 
(1, 370) 0.66 

Landform 1.90 
(2, 18) 0.18 

2.57 
(2, 18) 0.10 

8.49 
(2, 18) < 0.01 

4.54 
(2, 18) 0.03 

Slope 2.41 
(1, 18) 0.14 

0.00 
(1, 18) 0.99 

0.28 
(1, 18) 0.60 

0.01 
(1, 18) 0.94 

Elevation 1.21 
(1, 18) 0.29 

1.36 
(1, 18) 0.26 

0.01 
(1, 18) 0.91 

0.19 
(1, 18) 0.67 

Depth × 
Landform 

2.11 
(2, 346) 0.12 

1.78 
(2, 370) 0.17 

3.28 
(2, 371) 0.04 

0.91 
(2, 370) 0.40 

Table 4: ANCOVA table for linear mixed models with C and N stocks and concentrations as 

response variables. Significant effects shown in bold. 

 

We used the landform areas determined using classified aerial imagery (see Paper 4, ibid.), 

combined with our predicted peat depth model (Figure 7) to estimate the total C stocks held 

within each landform at the landscape scale. The results are presented in Table 5. Our estimate 

of the total C stock for the area of our study (as shown in Figure 7) is 50.35 Mt C, the greatest 

proportion of which is held below open moorland (40.86 Mt - 81.15%). Gullies hold 5.72 Mt 

C (11.37%) and eroding areas represent the lowest C stock of the landforms studied (3.77 Mt 

– 7.48%). 

 

Landform Area (ha) | % C stock (Mt) | % 
Eroding area 40.31 (7.37) 3.77 (7.48) 
Gully 81.70 (14.94) 5.72 (11.37) 
Open moorland 425.00 (77.69) 40.86 (81.15) 
Totals 547.02 50.35 
Table 5: Landform areas and C stocks (with percentages), calculated based on modelled peat 

depth and average C densities for landforms 
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Figure 7: Peat depths within a sub-region of the Trout Beck catchment, predicted using 

regression kriging 

Discussion 
In this study we characterised landscape-scale variation in long-term C dynamics across a 

northern hemisphere blanket peatland, by investigating landscape-scale controls on peat depth, 

peat quality, and C accumulation rates, with the aim of answering the following questions: 

1. Can peat depth be predicted on the basis of peatland landforms and topographical 

variation? 

2. Is there evidence for differences in long-term C dynamics – date of peat initiation and 

rate of C accumulation – between contemporary peatland landforms? 

3. What are the drivers of variation in peat quality and C stocks at the landscape scale? 

Peat depth and quality varies between principal peatland landforms 
We found clear differences in mean peat depths and peat quality between principal peatland 

landforms, within our 1146 ha blanket peatland study site. This result indicates that significant 

variation in peat depths and peat quality can occur over small distances in blanket peatlands, 

in agreement with previous work. This finding is important, as it indicates that the interaction 
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between plant ecology, hydrology and topography, resulting in the landforms that we see at 

the surface, is important for predicting peat quality within the peat deposits at our study site. 

Peat depth and peat quality are both vital factors to consider when extrapolating estimates of 

peatland C stocks to the landscape scale, because errors in these variables can result in serious 

over- or underestimation. The results of this study suggest that gullies may be a source of 

significant uncertainty when scaling up estimates of peatland C storage, for two reasons. 

Firstly, we found variation in the depth of gully peat deposits to be greater than in open 

moorland and eroding areas. This is an important consideration when estimating peatland C 

stocks over wider areas, because it indicates that the assumption of uniform peat depth within 

peatland ecosystems is not a valid one. Secondly, variation in the peat quality in gullies was 

greater than in the other two landforms. We can infer from this that gullies in peatlands may 

represent a greater source of variation, when considering peatland C stocks at larger scales, 

than previously appreciated. 

 

The variation in peat quality was greatest in gullies. Gullies in peatland ecosystems have 

already been identified as a potential source of uncertainty in landscape-scale estimates of 

peatland C storage, and greenhouse gas inventories (McNamara et al. 2008). This difference 

in peat quality in gullies may be due to the plant community that tends to characterise these 

landforms. We have shown that the vascular plant cover in gullies is dominated by 

graminoids, particularly Eriophorum species, which are known to be deep-rooting (Wein 

1973), in contrast to the ericoid shrubs dominant in open moorland, which have shallow roots 

(Gimingham 1960). Similar graminoid species have been shown to enhance microbial activity 

by providing labile substrates to depths throughout the peat profile (Ström et al. 2012). In the 

gullies at our blanket peatland study site, this may lead to increased mineralisation of organic 

matter – both relatively recent and much older organic matter in deeper peat. The outcome of 

this biological process is a reduction in accumulated C, resulting in the lower C:N ratio that 

we see in gullies on the blanket peat at Moor House. An alternative, or additional, explanation 

for higher peat quality in gullies relates to their position within the landscape. The gullies at 
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Moor House are erosional features, occurring as a function of topography and flow paths 

towards the lowest point of the Trout Beck catchment. As such, gullies are foci for flows of 

water, which may contain additional N originating in runoff from blanket peat and 

groundwater flows (Charman 2002). These factors combine to produce a landform that is 

notably different in its chemistry and plant cover to the open moorland and eroding area 

landforms at Moor House. 

Peat depth can be reliably predicted on the basis of landforms and topographical 
variables 
Topographical variables were important predictors of peat depth in this study, along with 

landform. This finding is in agreement with previous studies, which have identified a range of 

topographic variables as being important for explaining variation in peat depth at the 

landscape scale. Our finding that landforms are useful for predicting peat depth is an 

important one. As distinct eco-hydrological features, the nature of which is influenced by the 

underlying topography of the Trout Beck catchment, the landforms in our study represent 

distinct sets of conditions for peat formation. Eroding areas have undergone a period of 

degradation, during which peat has been eroded, rather than accumulated; C stocks in these 

areas have been transported elsewhere. The lower peat depths that characterise gullies (Figure 

4), combined with the wide range of C accumulation rates for these landforms (Figure 5b), 

suggest that while gullies can accumulate C quickly, it may also be lost at a faster rate, 

relative to the other landforms, due to the drainage function that gullies provide. The range of 

biotic and abiotic conditions embodied in the landforms we chose to examine in this study are 

important influences on C accumulation. As such, the landforms studied here can be used to 

summarise variation in contemporary peat depth at the landscape scale at our study site, a 

finding which highlights the utility of incorporating landform units into peat depth and C 

stock models for other peatland areas. The overall error of our peat depth model (RMSE) of 

58.8 cm is low considering the range and variability of peat depths embodied within our study 

area (see Figure 4) and highlights the utility of this approach for future studies. 

No evidence for variation in C accumulation rates between landforms 
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We found no evidence for variation in long-term rates of C accumulation between 

contemporary peatland landforms, or in response to topographical variables (Table 1; Figure 

5b). This result is not surprising because the above-ground geography of peatland landforms 

at Moor House is unlikely to have remained constant during the last epoch, resulting in 

shifting patterns of plant communities and changing C dynamics. Further work to test this 

theory could involve carrying out plant macrofossil analysis at the landscape scale and 

increasing the temporal resolution of 14C dating within cores, to provide more accurate 

chronologies of vegetation change and aid in determination of the nature and rates peatland 

landform change in relation to long-term C dynamics. The palaeoecology of the three 

landforms will also be of relevance for determining the causes of variation in peat quality 

throughout the peat profiles taken at Moor House. The identity of plant macrofossils within 

peat deposits can provide a clear indication of the prevailing plant communities and abiotic 

conditions at the time of peat deposition (Mauquoy & van Geel 2007), which can in turn be 

used to infer the influence of plant communities on C cycling processes throughout the 

Holocene. Such work would make a valuable contribution to current understanding of the 

links between peatland plant ecology and C dynamics, but was beyond the scope of this study. 

Landscape-scale drivers of peatland C stocks 
While we found no significant effect of landform or topographical variables on peatland C 

densities, the C content (%C) of peat did vary significantly between landforms (Table 4). This 

was not reflected in the C densities measured on each depth increment of each peat core taken 

in this study, which failed to show any significant differences between landforms (Table 4). 

The reason for the lack of any effect here may be due to the considerable error to which bulk 

density measurements – used to determine C densities – are subject in peatlands, a result of 

the difficulty associated with sampling peat from deep cores in an undisturbed manner and the 

accurate determination of volumes. While we made every effort to accurately determine bulk 

density, the possibility that errors in measurement may have obscured any effects of landform 

on C densities remains. Nevertheless, the significant effect of landform on peat C confirms 

that landforms are important landscape-scale determinants of C stocks, and this is reflected in 
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our scaling of C stores to the ecosystem level. Open moorland, which we regard here as 

‘mature’, fully-functioning peatland, represents the largest store of C in our study area, 

accounting for 81% of the total C stock. Gullies represented 11.37% of the total C stock, 

despite accounting for 14.94% of the study area – a reflection of the lower concentrations of C 

in shallower peat within these landforms (Table 3; Figure 6a). Eroding areas represented the 

smallest store of C (7.48%) of the three study landforms. These results support the notion we 

presented above: that failing to account for small-scale (in this case, the scale of individual 

landforms, of the order of metres) variation in C stocks in heterogeneous peatland ecosystems 

can lead to notable errors in the determination of peatland C stocks at regional and global 

scales. 

Conclusions 
Here we present a spatially-explicit exploration of the differences in, and landscape-scale 

drivers underpinning, C stocks in the principal landforms of a blanket peatland. Our results 

confirm the utility of topographical variables for modelling peat depth, and introduce 

landforms as important factors to consider when producing spatial models of peat depth. 

Landforms are identified as being important because they encapsulate spatial variation in peat 

quality (%C, %N), variation that likely occurs as a result of the distinctive plant communities 

that occupy each landform. While landforms are important for predicting C stocks, we found 

no link between landforms and C accumulation rates at the scale of our study. Finally, our 

method for modelling peat depth as a function of landform units and topographical variables 

constitutes a straightforward protocol for reducing small-scale uncertainty in peatland 

ecosystem C stock estimates, readily transferable to other peatlands due to increasing 

availability of high-resolution aerial imagery and digital terrain models. 

  



99 
 

Peatland landcover simulation: expansion of eroding areas 
reduces C storage and increases global warming potential 
Mike G. Whitfield1, 2, 3*, Rebekka R.E. Artz2, Richard D. Bardgett3, Nick J. Ostle1 

1 Centre for Ecology and Hydrology, Lancaster Environment Centre, Lancaster LA1 4AP 

2 James Hutton Institute, Craigiebuckler, Aberdeen AB15 8QH 

3 Soil and Ecosystem Ecology Laboratory, Lancaster University, Lancaster LA1 4YQ 

* Corresponding author: miit@ceh.ac.uk 

Abstract 

Peatlands are globally-important sinks for carbon (C), which are subject to increasing pressure 

from global changes, including climate and land-use change. The C held in peatlands 

represents a significant potential feedback to climate warming, and there is growing evidence 

that small-scale differences in plant community composition have an important influence on 

greenhouse gas fluxes. It is therefore important to accurately model peatland C stocks and 

greenhouse gas fluxes at the landscape scale, using approaches that explicitly consider both 

climate and spatial heterogeneity in vegetation and peatland landform types. In this study we 

used the Random Forests classification technique to classify a part of the peatland located in 

the Trout Beck catchment Moor House, England, into landform types based on prior 

knowledge including plant community composition and water table position, using data from 

Papers 3 and 4 in this thesis. The resulting thematic map was then combined with a statistical 

greenhouse gas model (Paper 3, ibid.), used to determine the contribution of each landform to 

peatland C stocks and global warming potential in response to landform and climate change 

projections. Results showed that open moorland (intact peatland) represented the greatest sink 

of C on an annual basis, with eroding areas contributing the most to peatland global warming 

potential, measured as the combination of CO2 and CH4 fluxes. It was predicted that 

hypothetical expansion of eroding areas by 10% would result in an overall reduction of the C 

stored in our study area of 3.9%, equivalent to 1000 times the total annual ecosystem C 

uptake. The response of peatland global warming potentials to climate change was 

unexpected, with higher temperatures resulting in an increase in ecosystem C uptake, perhaps 
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due to the fact that water table position was not explicitly included in our model predictions. 

Our study highlights the vulnerability of peatland C stores to landcover change and 

degradation, and further demonstrates the utility of the Random Forests technique for 

classification of spatially-complex ecosystems. 

 

Keywords: remote sensing, Random Forests, peatland, carbon, greenhouse gas fluxes, 

landcover classification 

Abbreviations: EA = Eroding areas; GU = Gullies; OM = Open moorland 

Introduction 
Peatlands represent concentrated carbon (C) stores that are vulnerable to climatic and land-use 

change, due to the majority of deep peats being located at high northern latitudes where 

pressures from climate warming and resource exploration are likely to increase over the 

coming decades (Evans & Warburton 2007; IPCC 2007; Yu et al. 2011). The extent of the 

global peatland C store represents a significant potential feedback to climate change, 

particularly when C is released in the form of CH4, which is 25 times more potent as a 

greenhouse gas than CO2 (IPCC 2007). Peatlands have been sinks for C throughout the 

Holocene, as a result of the imbalance between primary production and decomposition, a 

phenomenon driven by waterlogged conditions. Peatlands are also heterogeneous 

environments, with small-scale differences in plant communities determined by topography 

and hydrology. These landform-scale differences represent a key source of uncertainty in 

estimates of the peatland response to climatic change, both in terms of C stocks and 

greenhouse gas fluxes (Bubier et al. 2005). There is significant potential for vegetation and 

landform shifts to occur as climate change proceeds and land use pressures such as livestock 

grazing and the establishment of windfarms continue (Evans & Warburton 2007; Nayak et al. 

2010; Dise & Phoenix 2011). The combination of increasing temperatures, changing 

vegetation and lower water tables in peatlands may trigger the release of C through 

decomposition, as the constraints on the degradation of phenolic compounds is removed – a 

mechanism known as the enzymatic latch (Freeman et al. 2001). 
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It is well known that small-scale heterogeneity in microtopography and in plant communities 

are reflected in greenhouse gas fluxes, with the major driving variables cited as the 

composition of plant functional types (Ward et al. 2009; Dias et al. 2010; Ward et al. 2010; 

Laine et al. 2012) and water table depth (Waddington & Roulet 1996; Pelletier et al. 2007; 

Ström & Christensen 2007; Deppe et al. 2010). Despite our knowledge of the drivers of 

spatial variation in peatland greenhouse gas fluxes, there is a gap in knowledge concerning the 

contribution of small-scale spatial variation in greenhouse gas fluxes to overall peatland C 

budgets. McNamara et al. (2008) used a remote sensing approach to scale measurements of 

greenhouse gas fluxes from gully landforms to the landscape scale, identifying gullies as 

hotspots for CH4 fluxes, but their approach did not take into account the other landforms 

present at the study site and could therefore not be used to build a complete picture of the 

peatland greenhouse gas budget at the landscape scale. 

 

There are more studies concerning the variation in peatland C stocks between specific 

landscape units. For example, peatland C stocks in the West Siberian Lowlands have been 

well-characterised (Sheng et al. 2004; Beilman et al. 2009), in addition to the Mackenzie river 

basin in Canada (Beilman et al. 2008). A common characteristic of these studies is the scale at 

which variation is determined – estimates of C stocks are based upon individual peatland 

units, rather than the landforms that are found within individual peatlands. In the case of 

blanket peatlands, particularly those existing in upland regions, topographical variation at 

scales of the order of metres can have a large influence on peat depths (Buffam et al. 2010). 

Generalising over scales greater than those at which variation in peat depth occurs can 

therefore introduce uncertainty into estimates of peatland C stocks. 

 

A variety of techniques exist for the classification of landform units in patchy ecosystems 

such as peatlands, from satellite or aerial image data. These include regression analysis of 

image bands (Pflugmacher et al. 2007), correspondence analysis and TWINSPAN (Thomas et 
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al. 2003), maximum likelihood classification (Becker et al. 2008; Anderson et al. 2010), 

visual delineation (Couwenberg et al. 2011), among others (Harris & Bryant 2009). Recently, 

the Random Forests algorithm, which has its origins in machine learning, has emerged as a 

useful tool for image classification, due to its: robustness to noise in data, ability to handle 

unbalanced data, computational efficiency when processing large datasets, and ability to 

produce unbiased estimates of classification error (Gislason et al. 2006; Rodriguez-Galiano et 

al. 2012). Used as a classification technique, Random Forests creates ensembles of 

classification and regression trees (CARTs), which are used to create classification rules based 

on random subsets of training data. Each classification tree ‘votes’ for the assignment of a 

class to an input, with the output of the classifier being the class with the majority of votes 

(Breiman 2001; Gislason et al. 2006). Random Forests has recently been successfully applied 

to the mapping of National Vegetation Classification communities in the British uplands 

(Bradter et al. 2011) and the characterisation of upland management practices (Chapman et al. 

2010). 

 

There is currently a gap in our understanding of the response of peatlands to climate change 

because, although the abiotic drivers of peatland greenhouse gas fluxes are well-characterised, 

variation in peatland plant communities and landforms is neglected. This is an important 

consideration because changes in climate and landuse (e.g. the construction of windfarms on 

peatlands (Nayak et al. 2010)) are both likely to alter the distribution of peatland plant 

communities and landforms which, due to the close link between plant community 

composition and greenhouse gas fluxes (McNamara et al. 2008; Ward et al. 2009, 2010), is 

likely to lead to shifts in the peatland feedback to climate change and the amount of C stored 

in peat.  

 

The overall aim of this research was to scale peatland ecosystem functions related to C 

dynamics (C storage, global warming potential) from the plot to the landscape scale, in order 

to address the following questions: 
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• How will hypothetical scenarios of landform area change affect overall C storage at 

the landscape scale? 

• What is the size of the current peatland C sink in the Trout Beck catchment? 

• How will hypothetical scenarios of landform area change and projected climate 

change for the period 2040 – 2069 interact to affect the functioning of the peatland as 

a C sink? 

In order to answer these questions, our objectives were: 

1. To develop a thematic map of previously-characterised (Papers 1 and 3) principal 

peatland landforms at our study site, using the Random Forests classification method 

to classify aerial imagery and radar data 

2. To develop a statistical model of climatic controls of greenhouse gas fluxes from 

peatland landforms, using data from a one-year field study (see Paper 2, ibid.) 

3. To combine our previous data, thematic map and statistical model to predict the 

contribution of each landform to future C stocks and overall peatland global warming 

potential, given hypothetical scenarios of landform change and a projected climate 

scenario for 2040 – 2069. 

 

To address our questions and objectives, we adopted a novel approach, incorporating elements 

of remote sensing, geostatistics and multivariate analysis, using the Random Forests 

classification algorithm to develop a thematic map upon which we based our calculations for 

scaling peatland ecosystem functions to the landscape scale. Specifically, we used the 

Random Forest technique to create a thematic map based on an a-priori classification of the 

principle landforms in an upland blanket peatland. Random Forest classification has been 

recognised as an effective technique for characterising vegetation in heterogeneous 

environments (Gislason et al. 2006; Chapman et al. 2010; Bradter et al. 2011; Rodriguez-

Galiano et al. 2012). The scale at which we delineated individual landforms was chosen to 

represent a compromise between encompassing sufficient small-scale variation in plant 

communities and abiotic conditions, and being readily identifiable at larger scales from aerial 
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photography or satellite imagery. Eroding areas (EA) were comprised of mostly bare peat, 

with a sparse covering of Eriophorum sedges. Gullies (GU) were the most visually-distinctive 

landform as a result of their dendritic geomorphology and plant community containing a large 

proportion of sedges and Sphagnum mosses. In this study, open moorland (OM) represents 

intact blanket peatland, with a continuous understorey of feather mosses and heterogeneous 

cover of Calluna vulgaris and Eriophorum vaginatum. As well as distinctive plant 

communities, our study landforms also represent differing water table regimes, i.e. eroding 

areas and gullies had consistently higher water tables than open moorland throughout the year. 

Our study landforms would therefore represent contrasting sets of conditions that influence C 

cycling processes. To our knowledge, this is the first study to simulate the impact of changes 

in peatland landcover on landscape-scale peatland C stocks. 

Methods 

Field sampling 
Fieldwork was carried out within the Trout Beck catchment, a 1146 ha watershed within the 

Moor House National Nature Reserve, in the North Pennines, UK (54 ° 65 ′ N, 2 ° 45 ′ W). 

The mean annual temperature is 5.8 °C and mean annual rainfall is 2048 mm, with 90% of the 

Trout Beck catchment covered in blanket peatland (Environmental Change Network 2012). 

Full descriptions of how greenhouse gas fluxes and peat C stocks were determined can be 

found in the methods sections of Papers 2 and 3 (this thesis), respectively. The acquisition of 

these data is described briefly below. 

Ecosystem survey 
A vegetation and landform survey was carried out between June and September 2008, and 

May and July 2009, as part of a wider objective to update habitat mapping within the 

Troutbeck catchment. Quadrat sampling points were located systematically at the mid-points 

of a 100 m grid, and located in the field using a handheld GPS unit (Garmin eTrex Vista 

HCx). Data were entered into a GIS database in the field using a modified version of the ‘CS 

Surveyor’ digital data capture system designed for Countryside Survey 2007 (Maskell et al. 

2008). Peat depth was measured in the centre of each quadrat using extendable rigid rods and 
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recorded to the nearest centimetre. 419 quadrats were surveyed in total, of which 216 (51.6%) 

were classified as open moorland, 45 (10.7%) as eroding areas, and 48 (11.5%) as gullies. The 

remaining 110 quadrats fell outside of the principal landforms considered in this study. Plant 

community composition of each landform is described in detail in Paper 1, ibid.; briefly: 

eroding areas were principally characterised by Eriophorum sedges; gullies were also 

dominated by sedge species but also had a dense covering of Polytrichum and Sphagnum 

mosses; the dominant vegetation on open moorland was Calluna vulgaris, with Eriophorum, 

and feathermosses in the understorey. 

Greenhouse gas fluxes 
Greenhouse gas fluxes from each landform, comprising net ecosystem exchange (CO2) and 

CH4, were monitored for one year using a factorial design. Measurements were carried out on 

an approximately monthly basis, using static chambers modified for use with infra-red gas 

analysers (IRGA) and manual sampling by gas syringe. Gas concentrations were determined 

by IRGA (CO2) and trace gas chromatography (CH4) according to standard methods (Holland 

et al. 1999). We also measured the position of the water table relative to the peat surface, 

microbial community structure using PLFAs, plant community composition, temperature and 

solar radiation (see Paper 2, ibid. for details). Significant controls on greenhouse gas fluxes 

were determined via stepwise selection of linear mixed effects models, resulting in the 

parsimonious models described in Paper 2 (ibid.) and summarised in Table 1.  
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 Response 
Ecosystem 
respiration (CO2) 

 Net Ecosystem 
Exchange (CO2) 

 
Methane (CH4) 

 

 Transformation Log(NER + 1) 
 NEE + min(NEE) + 

1 
 Log (CH4 + 

min(CH4) + 1) 
 

  t (d.f.) p 
 

t (d.f.) p 
 

t (d.f.) p 
 

A
bi

ot
ic

 

Temperature 10.627 (303) < 0.001 ↑ -4.837 (157) < 0.001 ↑ -3.405 (182) 0.001 ↑ 

Water table 
depth -2.868 (303) 0.004 ↓       

Temperature x 
water table 
depth 

2.294 (303) 0.023 ↕       

Solar radiation    -2.539 (157) 0.0121 ↓    

Pl
an

t 

Shrub cover 5.259 (33) < 0.001 ↑       

Graminoid cover 4.986 (33) < 0.001 ↑       

Moss cover       7.123 (14) < 0.001 ↓ 

Sphagnum cover       -6.297 (14) 0.020 ↑ 

So
il 

Fungi:Bacteria    -2.787 (16) 0.0132 ↓    

Postive:Negative       -2.635 (14) 0.020 ↑ 

Table 1: Parsimonious multiple linear models describing measured peatland greenhouse gas 

fluxes according to statistically significant driving variables, measured over a one-year period. 

Arrows indicate the direction of association between the response variable (greenhouse gas 

flux) and driving variables. Models were used here to predict peatland greenhouse gas fluxes 

on the basis of projected temperatures for the period 2040 – 2069. See Paper 2 (ibid.) for 

further details of model formulation. 

Carbon stocks 
Carbon stocks for each landform were determined using a subsample of 32 cores, randomly 

selected from surveyed plots (Ecosystem Survey, above). Cores were split into 5 cm depth 

increments, and then peat samples of a known volume were sampled, weighed and freeze-

dried to calculate bulk density. Total C concentrations were determined using an Elementar 

Vario III elemental analyser (Elementar Analysensysteme GmbH, Germany) and a LECO 
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Truspec CN analyser (LECO Instrument (UK) Ltd., Stockport). Total C stocks were 

calculated by dividing peat bulk density by C concentration. 

Aerial imagery classification 
A georeferenced, orthorectified, three-band true colour aerial image of the area containing the 

Troutbeck catchment was obtained from Bluesky International Ltd (Leicestershire, UK). The 

area of interest (AOI) was demarcated by the limits of the Troutbeck catchment watershed and 

all calculations were carried out on the resulting clipped raster. The same approach was 

adopted with an enhanced Digital Terrain Model (DTME) and orthorectified radar image, 

obtained from NextMAP Britain via the NERC Earth Observation Data Centre (Intermap 

Technologies 2009). We used the Random Forests technique to create classification trees for 

classifying the imagery into principal peatland landforms, using as inputs a shapefile 

containing training areas (22 training areas for each landform) and a multi-layer image 

containing the aerial imagery and orthorectified radar image for our AOI. Following two pilot 

tests, the number of training samples selected from each landform class by the algorithm was 

set to 7000 and the number of decision trees set to 500 to maximise classification accuracy. 

The resulting set (‘forest’) of decision trees was then used to classify the aerial imagery on the 

basis of the rules determined by the algorithm. The classified image was processed using the 

Majority Filter, Boundary Clean, Region Group and Nibble tools in ArcMap 10 (ESRI 2010) 

to aggregate small clusters of pixels into larger, simplified features, based on their relationship 

to the contiguous surrounding pixels. Finally, the classified image was used to calculate the 

areas of landforms, by converting each area of contiguous pixels into a single polygon, then 

calculating its 2-dimensional area. The areas of polygons corresponding to each landform 

class were summed to give an overall area for that landform within the AOI. 

Future climate and greenhouse gas scenario predictions 
To generate future climate projections, we used UKCP09, a computer climate model 

maintained by the Hadley Centre at the Met Office, which currently represents the best 

understanding of how climate may change in the future (see 

http://ukclimateprojections.defra.gov.uk/). Specifically, we used the Weather Generator 

http://ukclimateprojections.defra.gov.uk/�
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(version 2.1.0) to calculate climate projections for the period 2040-2069, averaged over a 5km 

grid square encompassing our study site. Model parameters were set to calculate 100 random 

permutations of projections over the 30-year target period, to ensure that a degree of 

uncertainty was captured. We selected the IPCC’s A1b emissions scenario as a probable basis 

for projections. The resulting simulation data were summarised to produce projected 

temperature ranges for each month. We used our greenhouse gas flux models (Table 1) to 

simulate the greenhouse gas monitoring study described in Paper 2 (ibid.) for our chosen 

temperature scenario, to predict future peatland landform global warming potentials by using 

the means and ranges of temperature projections for each month as input data for our models. 

The resulting values represent the best linear unbiased predictions for the population level of 

each linear mixed effects model, calculated as the sum of the population level predictions and 

the estimated contribution of random effects (each of the plots in the greenhouse gas 

monitoring study, in this case). Predicted values were back-transformed and adjusted by 

subtraction of a constant where necessary, to reverse the effect of response variable 

transformation in the models outlined in Table 1. Global warming potential in CO2
e was 

calculated as the sum of net ecosystem exchange, and methane fluxes multiplied by 25 as per 

(Solomon et al. 2007). 

Landform change scenarios and scaling 
In addition to the climate change scenario described above, we formulated orthogonal 

scenarios to represent changes in the area of the AOI covered by each landform. These are 

summarised in Table 2 and represent hypothetical situations in which there is no change in 

landform areas, a 2% increase, and a 10% increase in the areas of each landform, with 

commensurate reduction in the areas of other landforms. To determine how the changes in 

landform area contributed to the gaseous carbon budget of the AOI, we scaled our measured 

and predicted greenhouse gas fluxes by multiplying the annual mean of each flux by the area 

of each landform, then calculated the percentage change in the overall global warming 

potential of the peatland (summed global warming potentials of all landforms). The 



109 
 

contribution of changes in landform area to peatland C storage within our AOI was calculated 

in the same way. 

Scenario | Landform Eroding areas Gullies Open moorland 

0: No change 0 0 0 
1: EA + 2 +2 -1 -1 
2: GU + 2 -1 +2 -1 
3: OM + 2 -1 -1 +2 
4: EA + 10 +10 -5 -5 
5: GU + 10 -5 +10 -5 
6: OM + 10 -5 -5 +10 
Table 2: Scenarios of landform area change used in this study, presented in percentage area 

change relative to current landform area. EA = eroding areas, GU = gullies, OM = open 

moorland. 

 

All statistics, modelling and visualisation work was carried out in ArcGIS 10 (ESRI 2010), 

the Geospatial Modelling Environment (Beyer 2012) and the R language and environment for 

statistical computing (R Development Core Team 2011). We made use of several contributed 

packages (Ribeiro & Diggle 2001; Liaw & Wiener 2002; Pebesma 2004; Pebesma & Bivand 

2005; Diggle & Ribeiro 2007; Bivand et al. 2008; Hiemstra et al. 2009; Wickham 2009; Keitt 

et al. 2012). 

Results 

Aerial imagery classification and landform areas 
An unbiased assessment of the overall error rate of our classification method was obtained 

using out-of-bag data, and estimated at 26.54%. Following further refinement of the classified 

image, described in the methods above, the final accuracy of the classified image, determined 

as the percentage of pixels correctly classified, was 95%. The confusion matrix, which 

provides a detailed breakdown of classification accuracy, is shown in Table 3. Consumer’s 

accuracy (a measure of the reliability of the classification as a predictive product) and 

producer’s accuracy (the extent to which each classification was correct) (Campbell 2006) 

ranged between 62 and 99%, and 87% and 97%, respectively. 
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Figure 1: Thematic map of principal landforms derived from the Random Forest classification 

applied to the study area, with inset showing detail of landforms with training areas used to 

train the classifier. Background image © GeoPerspectives. 

 

 Predicted   
Totals Producer’s 

accuracy True EA GU OM 
EA 13797 0 2077 15874 87% 
GU 12 24365 699 25076 97% 
OM 8321 4522 302212 315055 96% 
Totals 22130 28887 304988 356005  
Consumer’s 
Accuracy 62% 84% 99%   

Table 3: Confusion matrix for the Random Forest classification of principal peatland 

landforms. Figures in the central part of the total are frequencies of classified pixels in the 

resulting thematic map (Figure 1). Producer’s and consumer’s accuracies, in the margins, are 

expressed as percentages and described in the text. EA = eroding areas, GU = gullies, OM = 

open moorland. 
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We used our classified image to determine the areas of each of the principal landforms 

featured in this study. The total area of landforms classified in our AOI represented 547.02 ha 

of the Trout Beck catchment. Eroding areas comprised 7.37% (40.31 ha) of our AOI, gullies 

14.94% (81.70 ha) and open moorland 77.69% (425 ha). 

Change in peatland C stocks in response to landform change scenarios 
Peatland C stocks were calculated using average C densities for each landform and peat 

volumes determined using the intersection of the landform features shown in Figure 1 and 

modelled peat depths shown in Paper 3, Figure 4, ibid. The estimated C stored in each 

landform, and in the peatland as a whole based on landform areas, are described in Paper 3 

(ibid.) and reproduced here in Table 2 (‘No change’ scenario). We calculated percentage 

change in the overall C storage of the peatland as the difference between current and projected 

C storage, expressed as a percentage of the current C stock. The only scenarios to produce an 

increase in C stored in the peatland were those involving an increase in the area of open 

moorland: 2% and 10% increases in area producing 1.43% (0.72 Mt C) and 7.17% (3.61 Mt 

C) increases in the total amount of C stored in the AOI, respectively (Table 4, Figure 2). 

Increases in the proportions of eroding areas and gullies caused reductions in the total amount 

of C stored in the peatland, the most severe being a reduction of 3.88% of the peatland C 

stock (1.95 Mt C) as a result of the a 10% increase in eroding areas (Table 4, Figure 2). 
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Scenario EA GU OM Total Percentage change 

No change 3.77 5.72 40.86 50.35 0.00 
EA + 2 3.84 5.67 40.45 49.96 -0.78 
GU + 2 3.73 5.84 40.45 50.02 -0.66 
OM + 2 3.73 5.67 41.67 51.07 1.43 
EA + 10 4.14 5.44 38.81 48.40 -3.88 
GU + 10 3.58 6.30 38.81 48.69 -3.29 
OM + 10 3.58 5.44 44.94 53.96 7.17 
Table 4: Predicted change in peatland landform C stocks for scenarios of landform area 

change as detailed in Table 2. Figures are Mt C per landform, with the present day estimate 

represented in the ‘No change’ scenario. Percentage change is the percentage change in total 

peatland C stocks for our AOI, relative to current stocks. EA = eroding areas, GU = gullies, 

OM = open moorland. 

 

 
Figure 2: Percentage change in overall peatland C storage for given scenarios of landform area 

change, described in Table 2. EA = eroding areas, GU = gullies, OM = open moorland. 
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Scaling peatland greenhouse gas fluxes 
We characterised year-round fluxes of CO2 and CH4 (results described in detail in Paper 2, 

ibid.), which contribute to the global warming potential of the peatland. To determine the 

contribution of each landform to the net annual flux for our AOI, each flux was scaled based 

on the total area of each landform (Table 5). All fluxes are expressed in metric tonnes C. Net 

ecosystem exchange resulted in a total AOI uptake of 2141.99 t CO2-C during our study 

period, 78.85% of which was taken up by open moorland. Eroding areas were a modest C 

sink, taking up 115.4 t CO2-C year-1– 5.39% of the total. All three landforms were net sinks of 

CO2-C. Gullies contributed 69.18% of the 4.58 t CH4-C released by peatland landforms over 

the year of study, followed by eroding areas (21.53%), then open moorland (9.29%) – all three 

landforms were net sources of CH4-C. Fluxes of CO2 and CH4 combine to influence peatland 

global warming potentials, the global warming potentials calculated for each landform closely 

mirroring net ecosystem exchange. As the peatland was a net sink of C over the duration of 

our study period (1944.82 t CO2
e), the percentages given for the contribution of each landform 

to peatland global warming potential in Table 5 indicate the extent to which each landform 

contributed to uptake of CO2
e. Open moorland contributed the most (82.51%) to the peatland 

CO2
e sink, followed by gullies (12.78%) and eroding areas (4.72%).  

 

Landform Net Ecosystem 
Exchange (CO2) 

Global Warming 
Potential (CO2

e) CH4 

Eroding areas 5.39 4.72 21.53 
Gullies 15.76 12.78 69.18 
Open moorland 78.85 82.51 9.29 
Table 5: Percentage contribution of each landform to total fluxes of greenhouse gas fluxes, 

scaled based on landform areas. Units are percentages of total greenhouse gas fluxes for all 

landforms within our AOI. For net ecosystem exchange and global warming potential, higher 

percentages represent greater uptake of CO2. For CH4, higher percentages represent greater 

release of CH4 from the peatland. 

Contributions of landform and climatic change to peatland global warming 
potential 
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The contribution of changes in landform area and climate to the overall capacity of the 

peatland as a sink for CO2
e was calculated as the difference between the total sizes of the 

current and projected sinks, expressed as a percentage of the current sink. Based on the 

present-day climate, increases in the area of eroding areas were worst for projected ecosystem 

CO2
e-C uptake, reducing uptake capacity by between 0.64% (2% increase in area) and 3.19% 

(10% increase in area) (Table 6). Nearly the opposite was the case for increases in the area of 

open moorland, with the increase in uptake capacity ranging between 0.63% (2% increase in 

area) and 3.14% (10% increase in area) (Table 6). Expansion in the area of gullies resulted in 

a small increase in the C sink capacity of the peatland (0.01% and 0.04% increase for a 2% 

and 10% increase in area respectively. 

 

Scenario Present day 2040 - 2069 
No change 0 -4.5 -  -62.4 
EA + 2 0.64 -3.9 -  -61.9 
GU + 2 -0.01 -4.3 -  -62.3 
OM + 2 -0.63 -5.2 -  -63.2 
EA + 10 3.19 -1.6 -  -59.5 
GU + 10 -0.04 -3.7 -  -61.6 
OM + 10 -3.14 -8.2 -  -66.2 
Table 6: Predicted change in peatland global warming potentials for scenarios of landform 

area change (see Table 2) and temperature change based on the UKCIP09 2040 – 2069 

climate projection. Figures are percentage change in the total global warming potential of our 

AOI, relative to the current global warming potential. Negative values indicate a reduction in 

global warming potential relative to current values. The range presented in the 2040 – 2069 

column represents the range of projected global warming potentials in response to the range of 

temperature projections for 2040 – 2069. EA = eroding areas, GU = gullies, OM = open 

moorland 

 

The models for greenhouse gas fluxes, described in Table 1, predicted an increase in net 

ecosystem uptake of CO2-C via net ecosystem exchange, and a small decrease in respired 

CH4-C, with increased temperatures projected for 2040 – 2069, contributing to an overall 
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reduction of the global warming potential of the peatland within our AOI of between 4.5% 

and 62.4% (Table 6, Figure 3). Under the UKCIP09 projected climate for 2040 – 2069, 

landform area change scenarios produced similar effects in the overall global warming 

potential of the peatland, with increases in open moorland area producing the largest increases 

in peatland C sink capacity (Table 6). Under the projected climate, increases in the size of 

eroding areas produced the smallest increases in the peatland C sink capacity, but no longer 

caused an increase in global warming potential (Table 6). 
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Figure 3: Comparison of peatland global warming potentials under scenarios of landform and 

temperature change. The bottom panel represents the present day, with changes in landform 

areas occurring under current temperatures. The top panel represents changes in landform 

areas given a projected climate for the period 2040-2069. The error bars in the top panel 

indicate the ranges of total peatland global warming potential given minimum and maximum 

temperatures generated by UKCIP09 for the period. Negative global warming potential values 

indicate uptake of C. EA = eroding areas, GU = gullies, OM = open moorland. 
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Discussion 
In this study we aimed to scale peatland ecosystem functions related to C dynamics (C 

storage, global warming potential) from the plot to the landscape scale, to determine their 

responses to hypothetical scenarios of climate and landform change. We adopted a novel 

approach, incorporating elements of remote sensing, geostatistics and multivariate analysis, 

using the Random Forests classification algorithm to develop a thematic map upon which we 

based our calculations for scaling peatland ecosystem functions to the landscape scale. 

Peatland landform classification using Random Forests 
The approach we used was based on estimated areas for principal peatland landforms, 

calculated using a thematic map, which was produced using a combination of aerial imagery 

and radar data. Our classification yielded 10,737 individual landform features, with a median 

area of 42 m2, indicating that the classification procedure was able to represent the small-scale 

differences in landforms that are a feature of blanket peatlands. The accuracy of our 

classification at 95%, following post-processing, is excellent for such a heterogeneous study 

region, in which differences in the reflectance values of adjacent pixels, representing small-

scale variation in plant cover, were likely to contribute to uncertainty in the classification 

procedure. Our overall classification accuracy compares well with values from similar studies 

using the Random Forests technique: Bradter et al. (2011) reported 87-92% overall accuracy 

for predicting NVC categories, and Chapman et al. (2010) reported 95% overall accuracy for 

delineation of regions of burnt upland vegetation. The greatest source of uncertainty in our 

classification was the mis-classification of eroding areas as open moorland (38% of pixels 

mis-classified – see Table 3), which was a result of the spectral similarity of the pixels making 

up these landforms in the aerial and radar images. In this respect, our classification may have 

been improved by the use of aerial imagery of higher spatial resolution, which would 

constitute a better representation of the small-scale (metres and sub-metres) patterning of 

peatland landforms. Further improvement may have resulted from the use of high-resolution 

LiDAR imagery to create a digital terrain model, from which statistics could have been 

extracted to delineate each landform in terms of its (micro)topography, the usefulness of 
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which has been highlighted by Buffam et al. (2010). Notwithstanding room for improvement, 

our successful use of the Random Forests technique for creating an accurate thematic map of 

peatland landforms emphasises the utility of the approach for classifying landscape units with 

distinct plant communities, the potential of which in the field of biogeography is clear. 

Expansion of eroding areas and gullies may lead to reductions in the peatland C 
store 
We used a spatial model of peat volume developed in Paper 3 (Paper 3; Figure 4, ibid.), 

combined with the landform areas calculated from our thematic map (Figure 1) to estimate C 

stocks for each of the principal peatland landforms in our study area. We calculated 2-

dimensional areas rather than 3-dimensional areas, because the process was computationally 

more efficient for such a large number of landform features, and considered to be valid 

following the comparison made by Garnett et al. (2001), who found negligible differences 

between 2 and 3-dimensional areas when calculating C stocks for the same study area. We 

found that the only change in landform areas that lead to an increase in estimated peatland C 

stocks was an increase in the area of open moorland. Expansion of eroding areas or gullies at 

the expense of other landforms (i.e. keeping the overall area of the peatland the same) caused 

reductions in our estimates of total C stocks for the peatland, with the most damaging scenario 

being one of 10% expansion in eroding areas, combined with a 5% reduction in the areas of 

both gullies and open moorland. 

 

Eroding areas currently account for 7.37% of our study catchment, towards the lower end of 

estimates of peatland erosion for the UK as a whole (Evans & Warburton 2007) and very 

close to the figure of 8% for Moor House NNR given by Garnett & Adamson (1997), which 

was based upon digitised mapping originally carried out by Eddy et al. (1968). This acts as an 

independent validation of our estimate of eroding peat based upon our image classification 

(described above) and is encouraging, in that it demonstrates potential for the transferability of 

our approach. Eroding areas represent regions of previously healthy blanket peatland, which 

have become degraded over time as a result of the loss of their protective covering of 
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vegetation. The loss of peatland vegetation can occur as a result of mis-management, 

including overgrazing (stocking densities greater than 1 sheep per ha), or over-zealous 

burning practices (Bragg & Tallis 2001). Exposure of peat increases its vulnerability to 

erosion via wind and rain, enhanced by frost and desiccation (Francis 1990), which act to 

reduce the cohesiveness of the peat substrate, reducing the energy needed to transport it. An 

increase in the incidence of extreme weather (summer drought, increased precipitation 

intensity), projected as part of scenarios of future climate change (IPCC 2007), is likely to 

increase the vulnerability of existing eroding areas in upland blanket peatlands. We have 

shown that a 10% expansion in the area of eroded peat would result in a loss of 1.95Mt C 

(Table 4), which represents 1000 times the current annual C sequestration potential of our 

study area. It is important to acknowledge that C eroded from peatland in the form of 

particulate organic matter will not necessarily be respired directly to the atmosphere, but may 

be deposited elsewhere, either within the peatland or in connected fluvial systems – the fate of 

this C remains uncertain (Evans & Warburton 2007). Nonetheless, this projected loss of peat 

volume represents a significant release of C from the peatland and a potential feedback to 

climate change. 

 

An increase in the area of gullies at the study site was projected to have a similar, though 

slightly smaller, effect on peatland C stocks (Table 4). The gullies considered in this study are 

presumed to have previously been analogous in morphology and vegetation communities to 

eroding areas, and are now in an advanced stage of re-vegetation, according to the 

mechanisms presented by Evans & Warburton (2007). Gullies may therefore represent a part 

of the blanket peatland system that is already in a process of succession towards an intact 

peatland, and is therefore no longer losing C at the same rate as eroding areas. A major 

distinction between eroding areas and gullies is the difference in plant cover, a key factor for 

ecosystem functioning: over the course of a year, gullies in our study area represented the 

greatest sink for CO2 via net ecosystem exchange compared to the other landforms (Figure 4). 
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The role of distinctive gully plant communities in peatland ecosystem C uptake are discussed 

at greater length below. 

 

Figure 4: Mean annual landform greenhouse gas fluxes. Positive values indicate release, 

negative values indicate uptake. 

Estimated size of the current peatland C sink and the roles of eroding areas and 
gullies as CH4 hotspots 
We estimated the size of the peatland C sink represented by our study area, extrapolating 

average annual greenhouse gas fluxes from our year-long study in Paper 2 (ibid.) to the 

landscape scale, using landform areas determined by our image classification to gain estimates 

of the total annual greenhouse gas flux from each landform. Our study area was a net sink of 

C overall. Whilst there were small fluxes of CH4, principally from eroding areas and gullies, 

net ecosystem exchange played a major role in the uptake of C, with the resulting global 

warming potential (which takes into account CH4 fluxes) indicating a total net uptake of 1,932 

t CO2
e-C per year. At the landscape scale, open moorland made the greatest contribution to C 
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uptake, which reflects the status of this landform as fully functioning, intact peatland. Eroding 

areas made the smallest contribution to uptake of C, while the contribution of gullies was 

approximately three times that of eroding areas. 

 

The differences in the capacity of peatland landforms to function as sinks for C are related to 

their contrasting plant communities and associated edaphic conditions. We have previously 

shown that, on average, open moorland has the lowest water tables throughout the year, with 

gullies and eroding areas both having very high water tables (see Paper 2, ibid.). The position 

of the water table in relation to the peat surface is a recognised determinant in the balance of 

greenhouse gas fluxes that are emitted (Freeman et al. 1993; Waddington & Roulet 1996; 

Pelletier et al. 2007; Ström & Christensen 2007; Deppe et al. 2010). The comparatively large 

volume of aerobic peat between the water table and the peat surface that exists beneath open 

moorland conceptually leads to a large proportion of the CH4, produced as the result of 

anaerobic decomposition below the water table, being oxidised to CO2 by methanotrophic 

bacteria residing in aerobic peat (Artz 2009; Glaser & Chanton 2009) although, as suggested 

by Freeman et al. (2002), lower fluxes may also be a result of lower production, rather than 

oxidation. As the water table is much closer to, or at, the peat surface in eroding areas and 

gullies, the proportion of CH4 that is oxidised to CO2 is much lower, resulting in the status of 

these landforms as hotspots for CH4 release (McNamara et al. 2008). The high prevalence of 

the sedge species Eriophorum angustifolium and vaginatum in eroding areas and gullies also 

contributes to their status as CH4 hotspots; these aerenchymatous sedge species act as conduits 

for CH4 release, providing ‘safe passage’ for CH4 produced below the water table to the 

atmosphere (Greenup et al. 2000; Marinier et al. 2004). Despite greater uptake of CO2-C 

through net ecosystem exchange per unit area than eroding areas and open moorland – a 

characteristic connected to their dominant plant cover of graminoids and Eriophorum sedges, 

which are known for higher productivity compared with other peatland plant functional types 

(Forrest & Smith 1975) – gullies represent a smaller overall C sink (Figure 4), due to their 

high CH4 fluxes, the global warming potential of CH4, being 25 times that of CO2 (Solomon et 
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al. 2007). In eroding areas net uptake of CO2-C is lower than the other landforms as a result of 

lower plant cover and corresponding lower primary production per unit area. 

The contribution of landcover and climatic change to peatland global warming 
potential 
To estimate the effects of landcover change on the overall global warming potential of our 

study area we used the scenarios of landcover change presented above (Table 2). Expansion of 

eroding areas was identified as being the worst scenario for ecosystem C sequestration, with a 

10% expansion resulting in an increase of global warming potential of 3.19%. The likely 

reasons for this have already been discussed above: eroding areas combine low uptake of 

CO2-C through net ecosystem exchange with high fluxes of CH4, as a result of the prevailing 

edaphic conditions and the composition of the plant community in this landform. In contrast, 

expansion of gullies did not result in a reduction of the C sink capacity of the peatland, 

perhaps a reflection of the greater uptake of CO2-C by a contrasting assemblage of plant 

functional types, including an increase in graminoids, Eriophorum sedges and Sphagnum 

mosses. 

 

Interestingly, the predictive models we used to predict net ecosystem exchange and CH4 

fluxes, under the projected climate change scenario representing temperatures in 2040 – 2069, 

predicted an increase in uptake of CO2-C through net ecosystem exchange. The result of this 

effect is that, under projected temperatures for the period 2040-2069, all scenarios of 

landcover change produce a reduction in peatland global warming potential relative to the 

present day. In particular, expansion of eroding areas no longer contributes to global warming 

potential but merely reduces the extent to which global warming potential is reduced by 

higher temperatures. This result is clearly counter-intuitive, and we regard it here with 

caution. Figure 5 shows the relationships between temperature and fluxes of CO2 and CH4, 

with the net ecosystem exchange figure clearly demonstrating the increasing trend with higher 

temperatures. It is important to note that, because water table position was not identified as a 

significant driving variable in the models presented in Table 1, it was not used in predictions; 
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changes in water table position are not represented in our climate predictions, and the 

modelled predictions of greenhouse gas fluxes are only representations of the possible 

response to warmer temperatures. 

 

Figure 5: Responses of CH4 fluxes and net ecosystem exchange (CO2) to temperature. In each 

graph, the black line represents the linear response of fluxes from all landforms to 

temperature. The grey shaded region around the line represents the 95% confidence interval. 

 

One reason for the unexpected relationship between net ecosystem exchange and temperature 

is the covariance of temperature with other abiotic and biological variables. Greater plant 

biomass during summer, for example, would have a positive effect on uptake of CO2-C 

through photosynthesis, and would co-vary with temperature over the course of the year. 

Warmer summer temperatures increase net primary production in peatlands, but this effect is 

dependent upon the position of the water table – net primary production increases with 

temperature as long as the water table remains sufficiently high (Thormann et al. 1998). 

However, the position of the water table relative to the peat surface was not included in our 

parsimonious predictive models (Table 1). Despite the importance of this variable in 

determining the relative volumes of aerobic and anaerobic peat, which then influence the 
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amount of CH4 oxidised to CO2, it was not significant in our models and was removed in the 

process of model selection because it did not satisfy the criteria of the final model (parsimony, 

i.e. in which all variables were required to be significant predictors of the response). This may 

be a consequence of the uncertainty inherent in our measurements, or it may be an artefact of 

our modelling approach. 

 

 

Figure 6: Comparison of mean monthly precipitation between the present climate (red line), 

and a projected 2040-2069 climate (blue line). 

 

Because we have essentially performed a sensitivity analysis of the response of peatland 

global warming potential to temperature alone, it is likely that we have underestimated 

climatic effects on peatland global warming potentials. The UKCIP09 climate projections for 

our study area indicate a reduction in mean precipitation in May, July, August and September 

(Figure 8), which were the warmest of the study period during which we collected data to 

formulate the models in Table 1 (see Figure 7). The combination of warm temperatures and 

lower precipitation will lower the water table in peatland landforms, resulting in a greater 

volume of aerobic peat. This would lead to an increase in CH4 oxidation, reducing global 
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warming potentials somewhat, but it is difficult to speculate on this effect without modelling 

the effect of water table position on greenhouse gas fluxes directly. The work of Fenner & 

Freeman (2011) suggests that droughts of a sufficient severity are likely to result in large 

losses of C from peatlands. Due to the uncertainty surrounding our predictions of future 

peatland global warming potentials, we hesitate to interpret them further. 

 

 

Figure 7: Comparison of annual temperature regimes between the present climate (red line) 

and a projected 2040-2069 climate (blue line). The blue shaded region represents maximum 

and minimum projected temperatures for 2040-2069. 
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Figure 8: Comparison of monthly variation in peatland global warming potential under the 

present climate (red line) and a projected 2040-2069 climate (blue line). Error bars represent 1 

standard error of the mean. The blue shaded region represents the range of projected global 

warming potentials based on minimum and maximum projected temperatures. 

Uncertainties in estimating peatland global warming potentials 
The unexpected direction of our predictions of peatland global warming potential highlights 

an important consideration that should be made when making both spatial and temporal 

predictions: the confidence that can be invested in the prediction is a function of the 

limitations inherent in the underlying model used to characterise the variable of interest. In the 

case of our spatial predictions of peat volume and C storage, we are able to interpret these 

results with confidence, because the underlying models (peat depths modelled using 

regression kriging and the thematic map generated using Random Forests) provide a measure 

of uncertainty, and in both cases the model uncertainty was judged to be low compared to 

naturally-occurring variation at the landscape scale. It is difficult to ascribe a reliable measure 

of uncertainty to our model predictions of peatland global warming potentials under a climate 

change scenario. The relationships between greenhouse gas fluxes and significant predictors 

embodied in our models (Table 1) are a product of specific conditions encountered during the 
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sampling period, which may not be transferrable to the conditions represented by our climate 

change scenario. The annual temperature changes represented in our measurements and by the 

climate projections are compared in Figure 7, and the corresponding annual global warming 

potentials are presented in Figure 8. To be able to apply our models to projected climate 

scenarios with more confidence we would seek to test them with data from other blanket peat 

studies (e.g. Ward et al. (2007); McNamara et al. (2008); Ward et al. (2009)), in order to 

reduce the influence of atypical observations. A further consideration regarding our global 

warming potentials is that they are underestimates, due to the omission of N2O. The N2O 

concentrations we measured in the field (see Paper 2, ibid.) were below the limit of detection 

(see Paper 2 Methods, ibid., for details); N2O fluxes were therefore excluded from our 

calculations of peatland global warming potential. 

Conclusions 
We combined field data with geostatistical and remote sensing approaches, to determine the 

size of the peatland C store and greenhouse gas fluxes of an area of upland blanket peatland. 

Open moorland occupied most of the study area, and represented the majority of the peatland 

C stock. Simulated changes in the areas of distinct peatland landforms revealed that a 10% 

expansion of eroding areas could lead to a loss of C approximately equal to the amount of C 

sequestered by the entire study area over a 1000 year period. The same scenarios of landform 

change indicated that a 10% expansion of eroding areas would lead to a 3.19% increase in the 

global warming potential of the study area, while a 10% expansion in the area of open 

moorland (i.e. intact peatland) would lead to a 3.14% reduction in global warming potential. 

Gully expansion resulted in a small (0.01 – 0.04%) reduction in global warming potential. 

Despite the limitations presented above, this work represents an advance over previous 

approaches to scaling peatland ecosystem functions to the landscape scale, in its use of robust, 

modern classification and geostatistical techniques, which utilise readily-available remotely-

sensed data. Our explicit focus on ecologically and hydrologically distinct landforms 

represents an advance in our understanding of how peatland C dynamics relevant to global 

change may be scaled from plot to landscape scales, and should inform new approaches that 
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will enable us to improve our predictions of peatland responses to projected global change 

over the next century.  
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Synthesis 
 
Peatlands represent a significant global store of C and a potential feedback to climate change 

(Dise 2009; Dise & Phoenix 2011). The functional links between plants, soil microbes and 

peatland ecosystem functions – i.e. greenhouse gas fluxes and C storage – are well 

characterised. However, there are still knowledge gaps regarding the ways in which peatland 

ecosystem functions, and their biotic and abiotic drivers, vary between principal peatland 

landforms, and how they might respond to climate and land use changes. We therefore 

identified a need to measure plant and microbial communities and their associations with 

peatland ecosystem functions at a scale appropriate for extrapolation to broad landscape scales 

using remotely-sensed imagery. 

 

In responding to this need, we aimed to investigate the associations between plant and 

microbial communities, and C dynamics, across ecologically and hydrologically distinct 

peatland landforms. We also wanted to determine the contribution of peatland landforms to 

key peatland ecosystem functions at the landscape scale. The landforms we chose to study 

were distinct both in terms of their dominant plant cover and hydrology, and results 

demonstrated clear differences in plant and soil microbial communities between these 

landforms (Paper 1). Greenhouse gas fluxes differed substantially between peatland 

landforms, the nature of the differences being dependent on the time of year, indicating 

associations with seasonal variation in plant growth and climatic drivers (Paper 2). The 

amount of C stored in peat, and the way in which peat C and N concentrations varied with 

depth, differed between landforms, and we used elevation, slope, and information on the 

spatial distribution of landforms to model peat depth across our study site, with an acceptable 

degree of accuracy (RMSE = 58 cm; Paper 3). Finally, drawing on our observations and 

findings made in papers 1-3, we generated a thematic map of the study landforms, which was  

used to estimate current peatland global warming potential (GWP), and the responses of 

peatland C stocks and GWP to hypothetical changes in coverage of landform areas within our 
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study catchment (Paper 4). Results provide a broad picture of the roles of peatland landforms 

in influencing the spatial variation of peatland ecosystem functioning and GWP at the 

landscape scale (see Table 1). 

Peatland landforms with distinctive plant and microbial communities 
We found statistically significant differences in plant community composition and soil 

microbial community composition between peatland landforms (eroding areas, gullies and 

open moorland). That differences in the plant community composition existed between 

peatland landforms was not altogether surprising, because the landforms were selected 

initially based on the likelihood that their distinct and contrasting plant communities would 

reflect differences in carbon stocks and greenhouse gas emissions. The chosen landforms also 

exhibited characteristic spectral differences, thus making them easier to classify from aerial 

imagery. Of greater importance is our discovery that the abundance and diversity of soil 

microbial communities, measured using organic biomarkers (i.e. microbial cell membrane 

PLFAs) and microbial molecular DNA (i.e. M-TRFLP), vary significantly between 

ecologically-distinct landforms across broad spatial scales (in the order of hundreds of 

metres). The clear differences between the soil microbial communities recorded in landforms 

(Table 1) lead us to examine their potential for scaling patterns in soil microbial community 

structure to the landscape scale. Scaling of microbial diversity to the landscape scale is 

recognised as a required step for its incorporation into models of ecosystem functioning 

(Standing et al. 2007; Treseder et al. 2012). Characterising variation in the ‘unseen majority’ 

(van der Heijden et al. 2008) is challenging; nonetheless our approach represents a useful 

compromise between spatial and taxanomic resolution, in that the measures we used allowed 

us to characterise differences in broad microbial groups (e.g. fungi, bacteria), while not being 

overly sensitive to micro-scale patterning in microbial diversity at the plot level, which might 

have obscured the landscape-scale patterns that we were seeking to identify. 

 

The results presented in Paper 1 offer relationships that can be used to predict how soil 

microbial communities might respond to landscape-scale changes in patterns of abiotic 
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conditions and plant communities. In Paper 1 we identified distinctive patterns in the structure 

of soil microbial communities, associated with specific peatland plant communities and 

abiotic conditions, encapsulated within principal peatland landforms. Work elsewhere has 

suggested that peat microbial communities respond to plant community succession, and that 

plant community composition can have marked effects on the size and structure of peat 

microbial communities (Artz et al. 2008; Mitchell et al. 2010a).  

 

Climate change is likely to lead to changes in both the plant communities and the prevailing 

abiotic conditions in peatlands, which are linked and are likely to lead to changes in 

ecosystem functioning – CH4 fluxes, for example, which are strongly influenced by the 

presence of aerenchymous sedges (Strack et al. 2006). Based on the patterns we have 

identified, we can postulate that climate-driven changes in landscape-scale patterns of 

peatland landforms will lead to shifts in the patterns of soil microbial communities, although 

this assertion relies on the assumption that the structure of the soil microbial communities 

present in future peatland landforms will be similar to those we observe today. Central to the 

space-for-time substitution approach for making predictions that link measures of biological 

diversity with landscape scale processes, is the assumption of temporal stationarity of the 

links between biological diversity and ecosystem functioning. In order to make predictions of 

the shifts in peatland soil microbial communities at the landscape scale, in response to 

changes in the distribution of peatland landforms, we must assume that the processes 

governing the patterns we have identified in Paper 1 will remain stationary – i.e., the 

relationship between landform and peat microbial diversity remain constant in nature – 

throughout time. In practice, this assumption may be difficult to justify, as a result of 

confounding variables, such as climate-driven changes in water table positions, the influence 

of which could not be taken into account by our sampling approach. 
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With the assumptions of our approach made clear, we can make some simple predictions 

concerning potential future scenarios for the distribution of peatland landforms and their 

associated soil microbial communities.  

 

The survey presented in Paper 1 showed that gullies had greater concentrations of bacteria, 

and a greater proportion of gram-positive to gram-negative bacteria, than other landforms. 

Gram-negative bacteria include members of the methanotrophic community, which perform 

an important function as CH4 oxidisers – the difference in gram-positive to gram-negative 

ratio between landforms emphasises the importance of gullies in CH4 cycling. Enhanced 

precipitation (such as an increase in the incidence of storm events), predicted for north-west 

Europe in climate change projections (IPCC 2007), may lead to an expansion of erosional 

gully features in upland blanket peatlands, as a result of an increase in the volume of runoff. 

With a larger area of peatland colonised by plant communities similar to the NVC M17c 

community that currently occupies the gullies at our study site, we could expect an increase in 

the overall biomass of bacteria in peat at the landscape scale. Other research has shown that 

reductions in the fungal:bacterial ratios of soil microbial communities, indicating a shift 

towards a more bacterial-based decomposer community, can lead to changes in ecosystem 

function, as decomposer communities with greater concentrations of bacteria tend to cycle 

nutrients more quickly (Bardgett 2005; De Deyn et al. 2008). The potential implications of a 

more rapid peatland C cycle are discussed below. 

Peatland landform differences in C accumulation and storage  
The accumulation and storage of C are crucial ecosystem functions performed by peatlands 

that are vulnerable to both land use and climate change (Yu et al. 2011). To investigate the 

variation in long-term C dynamics at a spatial scale relevant to the rest of our study, we 

quantified the long-term rate of C accumulation within each of the principal landforms present 

using 14C dating. The research presented in Paper 3 offered no evidence of variation in long-

term C accumulation rates between landforms. This allows us to draw inferences regarding the 

dynamic spatial and temporal evolution of peatland landforms at our study site over millennial 
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timescales. If the landforms we see today had maintained their current spatial configuration 

since the initiation of peat accumulation, shortly after the last ice age (c. 10 ka B.P.), we 

would have expected to detect distinct C accumulation rates for individual landforms as a 

result of the combination of landform-specific abiotic conditions and plant communities that 

regulate peat C accumulation (Straková et al. 2012). Based on the lack of clear differences in 

C accumulation rates between landforms, we can conclude that the spatial configuration of 

peatland landforms, and therefore the relative contributions they make to peatland C 

dynamics, alter and evolve over time (Chambers 1978; Yu 2006; Loisel & Garneau 2010; 

Talbot et al. 2010). 

 

Further work to extend our approach and investigate the paleoecology of the peatland 

landforms characterised in this study, in terms of historic dominant plant communities and 

climatic conditions, could help us to make more informed predictions of responses of 

distinctive peatland landform units to climate change. This could be achieved via a landscape-

scale survey of plant macrofossils (Mauquoy & van Geel 2007), combined with estimation of 

past water table positions (using testate amoebae, for example, as indicators of water table 

position (Woodland et al. 1998)) and chronologies determined using 14C and 210Pb techniques 

at higher resolution than those determined in this study. Such a survey could be combined 

with data on peat C content and climate fluctuations, to unpick interactions between peatland 

landforms with distinctive plant communities and abiotic drivers throughout the Holocene. 

Investigating landform paleoecology could also improve our understanding of how peatland C 

storage has evolved to produce the landscape-scale patterns that are evident today and, by 

inference, how peatland C storage may change in response to biotic and abiotic drivers in the 

future. 

Peatland landforms and global change 
Our landscape-scale modelling of peatland C stocks and greenhouse gas fluxes indicated that 

eroding areas contributed the least to peatland C storage (Paper 3), and contributed the most to 

peatland global warming potential (Paper 2; Paper 4). Ecosystem uptake of C through 
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photosynthesis was lowest in eroding areas, due to the large areas of bare peat, while the 

global warming potential of eroding areas in winter was positive – indicating that they became 

a source of C – probably through a combination of high CH4 fluxes related to the high water 

table and the large proportion of sedge species in the plant community, and low ecosystem 

uptake of C. Our study peatland catchment was a net sink of C throughout our study period, 

indicating that, while the presence of eroding areas reduced the overall ability of the peatland 

to act as a C sink, current coverage did not result in a net release of C. This is primarily due to 

the small area occupied by eroding areas – approximately 7.4% of our study area (Paper 3). 

However, it is possible that an expansion of eroding areas in response to climate change or 

land use pressure may lead to an alteration of the status of the peatland as a sink of C, as our 

simulation of change in landform areas suggests i.e. a 10% expansion of eroding areas could 

lead to a 3.2% increase in the global warming potential of the study peatland. This finding is 

important, because it demonstrates how changes in the structure of peatlands could lead to a 

change in their functioning, in a way that is highly relevant to the landscape C cycle and 

potential for greenhouse gas feedbacks to climate change. In Paper 4 we also showed that a 

10% expansion of eroding areas could result in a loss of C approximately 1000 times greater 

than that sequestered by all peatland landforms within our study area over the course of a year 

– in effect, the potential for C loss in our hypothetical landform area change scenario is 

approximately equivalent to 1000 years of C uptake by the entire study peatland. 

 

Eroding areas could expand rapidly as a result of increasing pressures on peatlands, mainly as 

a result of climate change, but also land-use change. For example, blanket peatlands are under 

increasing pressure from the development of windfarms, which can alter the height of the 

water table (Nayak et al. 2010), increasing the vulnerability to erosion and carbon losses. 

Heather burning, which is a traditional UK peatland management practice for game bird 

conservation (Rawes & Heal 1978; Charman 2002), can also lead to the erosion of peat 

through the removal of the protective layer of vegetation, along with grazing, if carried out 

unchecked (Evans & Warburton 2007). These primarily anthropogenic pressures may be 
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exacerbated by climate change, with increasing frequencies of drought events enhancing the 

vulnerability of peatlands to erosion through the lowering of water tables and the effects of 

wildfire (Dise & Phoenix 2011). This work represents an important step in quantifying the 

potential impacts of such global changes on peatlands through their potential effects on the 

distribution and structure of the landforms that exist within the ecosystems. 

 

Our year-long study of greenhouse gas fluxes from peatland landforms, during which 

greenhouse gas fluxes were sampled from each landform on a monthly basis (Paper 2) 

suggested that both eroding areas and gullies can act as hotspots for CH4 release. Gullies have 

previously been identified as hotspots for CH4 fluxes (McNamara et al. 2008), a characteristic 

that is linked strongly to the presence of sedge species (Eriophorum angustifolium and 

vaginatum, in particular) in their plant communities and the consistently high water table 

position throughout the year. Our finding that eroding areas may also be hotspots for CH4 

release emphasises the importance of these landforms from a C dynamics perspective in 

peatlands; the lack of literature concerning the role of eroding areas in CH4 release from 

peatlands suggests that they have been underestimated as significant contributors to peatland 

greenhouse gas budgets and, by extension, global warming potentials. The likely expansion of 

eroding areas in response to land-use pressures and climate change (see above) emphasises the 

importance of quantifying the contribution of these landforms to overall peatland C budgets. 

 

It is possible that the global warming potentials we have estimated for the peatland landforms 

in our study are underestimates, due to the omission of N2O fluxes (see Paper 2). N2O fluxes 

from UK peatlands are generally small, and may frequently be below the limit of detection, 

which was the case in this study. Some peatlands have been identified as sinks for N2O 

(Dinsmore et al. 2009a; Lohila et al. 2010). However, other research has shown that bare peat 

can be a significant source of N2O (Marushchak et al. 2011). N2O release has often been 

linked to flushes of nutrients from thawing permafrost , and freeze-thaw events, in arctic 

systems (Pihlatie et al. 2010; Keuper et al. 2012), and can be subject to pronounced seasonal 
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variation in response to the position of the water table (Lohila et al. 2010; Berglund & 

Berglund 2011). The results of these studies suggest that the eroding areas at our study site 

may be potential sources of N2O, which would increase their contribution to the overall global 

warming potential of the ecosystem. More intensive measurements of N2O emissions from 

eroding areas in UK peatlands represents an important avenue of future investigation, 

necessary if we are to fully comprehend N2O contribution to peatland global warming 

potentials. 
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Landform Plant and soil 
microbial 
community 
structure 

Greenhouse gas 
fluxes and water 
table position 

C stocks Global warming 
potential 

Eroding 

areas 

7.37% of 

study area 

Bare peat surfaces 

and lower plant 

cover than other 

landforms (80% 

total cover), 

comprised of 

patches of Calluna 

shrubs and 

Eriophorum sedges. 

Lowest microbial 

biomass (PLFA) of 

all landforms. 

Low NER coupled 

with high NEE; a 

source of CO2 in 

winter. 

CH4 flux hotspots 

(21.53% of 

landscape total), 

similar to gullies 

for most of the 

year, highest in 

spring and summer. 

Water table close 

to, or above, the 

peat surface for 

much of the year. 

Mean peat depth 

(125.7 ± 11.7 cm) 

lower than open 

moorland but 

higher than gullies. 

3.77 Mt C (7.48% 

of total) across 

study area.  

Greatest GWP of 

all landforms in 

winter. 10% 

expansion resulted 

in a loss of 3.88% 

total landscape C 

stock. Contribution 

to total landscape 

CO2
e uptake: 

4.72%. 10% 

expansion reduced 

total landscape 

CO2
e uptake by 

3.19%. 

Gullies 

14.94% of 

study area 

Plant community 

similar to NVC 

M17c, comprised 

principally of 

Eriophorum sedges, 

Polytrichum and 

Sphagnum mosses. 

Highest bacterial 

biomass and low 

fungal:bacterial 

ratio (PLFA). 

NER and NEE 

similar to open 

moorland for much 

of the year. 

CH4 flux hotspots 

(69.18% of 

landscape total), 

similar to eroding 

areas for much of 

the year, highest in 

spring and summer. 

Water table close 

to, or above, the 

peat surface for 

much of the year. 

Lowest mean peat 

depth (62.3 ± 6.1 

cm). Greater 

variation in C 

concentration with 

depth than other 

landforms. 5.72 Mt 

C (11.37% of 

total) across study 

area. 

GWP similar to 

eroding areas in 

winter. 10% 

expansion resulted 

in a loss of 3.29% 

total landscape C 

stock. Contribution 

to total landscape 

CO2
e uptake: 

12.78%. 10% 

expansion 

increased total 

landscape CO2
e 

uptake by 0.04%. 
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Open 

moorland 

77.69% of 

study area 

Highest plant cover, 

similar to NVC 

M19b, principally 

Calluna shrubs and 

Eriophorum sedges, 

with feathermosses 

in the understorey. 

Highest fungal 

biomass (PLFA). 

NER greater than 

eroding areas in 

spring and summer, 

less than gullies in 

winter, otherwise 

similar to gullies. 

Greater C uptake 

through NEE than 

eroding areas in 

winter. Very low 

CH4 fluxes (9.29% 

of landscape total), 

indicating some 

uptake and no 

seasonal variation. 

Highest mean peat 

depth (155.8 ± 4.6 

cm). 40.86 Mt C 

(81.15% of total) 

across study area. 

Lowest GWP in 

winter. 10% 

expansion resulted 

in a 7.17% 

increase in 

landscape C 

stocks. 

Contribution to 

total landscape 

CO2
e uptake: 

82.51%. 10% 

expansion 

increased total 

landscape CO2
e 

uptake by 3.14%. 

Table 1: Summary of distinctive peatland landform characteristics, carbon storage and 

greenhouse gas emissions determined in this study. NER = Net Ecosystem Respiration (CO2), 

NEE = Net Ecosystem Exchange (CO2), GWP = Global Warming Potential (CO2
e). 
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Figure 1: Proportional symbols 

showing differences in peatland 

landform characteristics 

highlighted in this study. 
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Figure 2: Proportional arrows illustrating the effects of a simulated 10% expansion in 

landform area on landscape-scale C stocks (left) and C uptake in CO2e (right). Colours 

represent landforms: brown = eroding areas, green = gullies, purple = open moorland. 

Downward arrows (+) indicate C uptake, upward arrows (-) indicate C loss, figures are % 

change. 

Scaling and predicting blanket peatland C dynamics 
Previous studies have attempted to make predictions of future peatland C budgets based on 

the extrapolation of current trends and models between peatland C fluxes and driving 

variables, including temperature and water table depth (e.g. van Winden et al. 2012), and 

plant community change (Couwenberg et al. 2011). However, the role of plant and microbial 

community structure has rarely been considered in this context and, to our knowledge, Paper 4 

is the first study that attempts to incorporate the landscape-scale heterogeneity of both these 

important biological regulators in making predictions of peatland responses to climate change. 

An important element of our approach is the use of remote sensing to accurately map peatland 

landforms. Mapping at this scale (i.e. of the order of metres) allowed us to represent landform 

units that included biotic determinants of peatland ecosystem functions (plant and microbial 

community composition) in addition to abiotic drivers (peat C:N, pH and water table 

position), see Paper 1. Differences between the resulting greenhouse gas fluxes were also 

significant at the scale of our mapping – our landforms were effective proxies for landscape 
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scale patterns in greenhouse gas fluxes, as suggested by Couwenberg et al. (2011). The 

evidence of the research presented in this thesis suggests that measures of peatland landform 

spatial variation can be used to characterise and predict differences and future changes in 

ecosystem functions of carbon storage and greenhouse gas emissions.  

 

The differences we have determined in ecosystem functions at the landform scale emphasise 

the potential for seriously underestimating the contributions of individual landforms (for 

example, the status of eroding areas and gullies as CH4 hotspots, Paper 2) to overall 

ecosystem functioning when considering the landscape scale. The use of remote sensing 

bestows our approach with advantages, relative to other approaches to scaling peatland C 

dynamics, which make use of existing landscape classifications (particularly C storage, e.g. 

Sheng et al. (2004); Chapman et al. (2009)). Firstly, suitable remotely-sensed data is 

becoming increasingly available and is typically updated at higher temporal resolution than 

traditional maps and inventories, making it potentially useful for monitoring change in 

peatland C stocks; secondly, the recent development of sophisticated image classification 

algorithms, such as Random Forests, permits accurate classifications of large, heterogeneous 

landscapes, based on prior knowledge that often exists for the landforms of interest 

(Rodriguez-Galiano et al. 2012). The Random Forests approach to classification provides 

unbiased estimates of classification accuracy (Breiman 2001), which allows users to quantify 

the uncertainty inherent in their scaling efforts. In this study, we have demonstrated the utility 

of combining remotely-sensed imagery, classification and geostatistical techniques with field 

data, to effectively extrapolate peatland C dynamics and their drivers to the landscape scale, 

thereby showing potential for improving estimates of peatland ecosystem functions, and their 

responses to global change, at broad spatial scales. 

 

This study is unique and novel in combining a range of biogeochemical, spatial and statistical 

techniques to examine plant and peat microbial diversity controls on carbon storage and 

greenhouse gas emissions. Other studies have drawn on the techniques we have used to 
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produce estimates of peatland C stocks (Buffam et al. 2010; Holden & Connolly 2011) and 

landcover classifications (Chapman et al. 2010; Bradter et al. 2011). Buffam et al. (2010) 

successfully modelled a relationship between the ground slope at the margin of landscape 

peatland units and overall peat depth, which showed potential for scaling peat depth across 

larger regions. However, in contrast to this study, they did not examine relationships between 

plant community composition and peat depth – a disparity that is probably due to differences 

in the scale of analyses adopted in each study (Buffam et al. 2010). Similarly, the peat depth 

inference model proposed by Holden & Connolly (2011) made use of landscape-scale 

variation in topography and broad measures of disturbance, but in their case, plant community 

composition was not included explicitly. Both modelling approaches are useful because they 

are easily transferable to other regions for which similar topographic data are available, and 

therefore advance our understanding of how peat depth and C stocks vary at landscape scales. 

However, we propose that the predictive power of spatial C stock models can be improved 

using understanding of ecology at smaller scales, where relationships between distinct 

landforms, their diversity and peat depth are significant, as demonstrated in this study. 

Likewise, although landcover classification techniques have been applied in peatlands to 

generate accurate estimates of the areas of distinctive plant communities (Chapman et al. 

2010), they have not been combined with targeted data collection to enable scaling of related 

ecosystem functions to landscape scales. This, therefore is the first study to combine 

approaches with field data to scale plant and soil diversity and peatland C dynamics to the 

landscape scale, and use the resulting information to simulate the response of peatland C 

dynamics to scenarios of future climate and landform change. 

Conclusions 
In this study we characterised the principal landforms present at the blanket peatland in the 

Trout Beck catchment, Moor House, with the broad aim of investigating the associations 

between plant and microbial communities, and C dynamics, at a scale appropriate for 

extrapolation to the landscape scale. We also aimed to determine the contribution of 
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landforms to key peatland ecosystem functions with relevance to C cycling, specifically C 

storage and greenhouse gas fluxes. The main differences between the landforms we studied 

are summarised in Table 1. Our study landforms were distinctive in their plant and soil 

microbial communities, with gullies standing out as supporting greater bacterial biomass than 

the eroding areas and open moorland, suggesting that gullies may support a more bacterial-

based energy channel than the other landforms. Eroding areas and gullies both acted as 

hotspots for CH4 release and exhibited greater global warming potentials than open moorland, 

particularly during winter, emphasising the need to take the contributions of these landforms 

into account when estimating the feedbacks between evolving blanket peatlands and climate. 

The study landforms were also distinctive in terms of peat depth, and therefore C stocks. We 

incorporated the spatial distribution of landforms in a geostatistical approach, with elevation 

and slope, to model peat depth and determine the contributions of each landform to peatland C 

stocks at the landscape scale. Open moorland, with the greatest spatial extent and highest 

average peat depth, represented the largest C stock at the landscape scale, with eroding areas 

storing the least. In a simulation of the response of landscape-scale C storage to landform area 

change, expansions of eroding areas and gullies both resulted in a reduction in the size of the 

overall peatland C stock; an expansion of open moorland was the only change to produce an 

increase in peatland C stocks. Similarly, expansion of eroding areas resulted in a reduction in 

the capacity of the peatland to act as a C sink. 

 

Peatlands are globally important ecosystems in that they represent concentrated stores of C, a 

potentially significant feedback to global warming, but they are dynamic and vulnerable to 

climate and land use change. The results of our study demonstrate the importance of taking 

small-scale variability in peatland C stocks and ecosystem functions – and their biotic 

regulators – into account when considering the responses of peatlands to global change 

scenarios. The role of peatlands as sources and sinks of greenhouse gases depends upon their 

structure – understanding the diversity of peatland landforms will be necessary for reducing 

uncertainty in predictive models of peatland responses to global change in the future. The 
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approach we have presented in this study represents a novel combination of spatially-explicit 

targeted field survey, robust image classification techniques and geostatistics, which could be 

transferred to other peatlands. The research papers presented in this thesis contribute to our 

current understanding of the importance of biological diversity in peatland C dynamics and 

will hopefully establish a theoretical and methodological framework to improve predictions of 

peatland ecosystem functioning in response to future change.  
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